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LIST ABBREVIATIONS

AB AB wildtype (zebrafish strain)
AChE Acetylcholinesterase

AhR Aryl hydrocarbon receptor

ALP Alkali-labile phosphate

BCF Bioconcentration Factor

CA Concentration Addition model
CBzZ Carbamazepine

CDNB 1-chloro-2,4-dinitrobenzene

DO Dissolved oxygen

DNAsb DNA strand breaks

DTT Dithiothreitol

ECso Effective Concentration 50%
ECx Effective Concentration x%
EDCs Endocrine-Disrupting Chemicals
EEC European Economic Community
EE2 17a-ethinylestradiol

ELISA Enzyme-Linked Immunosorbent Assay
EPA Environmental Protection Agency
ERA Environmental Risk Assessment
EROD 7-ethoxyresorufin O-deethylase
ETS Electron Transport System

GSH Reduced glutathione

GSSG Oxidized glutathione

GPxSe Selenium-dependent Glutathione peroxidase




GPxTOT Total Glutathione peroxidase

GR Glutathione reductase

GST Glutathione-S-transferase

IA Independent Action

ISO International Organization for Standardization
LCso Lethal Concentration 50%

LDH Lactate dehydrogenase

LOEC Lowest Observed Effect Concentration

LPO Lipid peroxidation

MDA Malondialdehyde

MoA Mode of Action

NADH Nicotinamide adenine dinucleotide (reduced)
NADPH Nicotinamide adenine dinucleotide phosphate (reduced)
NOEC No Observed Effect Concentration

OECD Organization for Economic Cooperation and Development
p-INT p-iodonitrotetrazolium

PAHs Polycyclic aromatic hydrocarbons

P4 Progesterone (4-pregnene-3,20-dione)

PCBs Polychlorinated biphenyls

PCR Polymerase Chain Reaction

ROS Reactive oxygen species

S12 Supernatant after 12,000xg centrifugation
SDS Sodium dodecyl sulfate

SOD Superoxide dismutase

TBARS Thiobarbituric Acid Reactive Substances

TCS Triclosan

Tris Trimethylol aminomethane




TU Toxicity Unit

USEPA United States Environmental Protection Agency
uv Ultraviolet

VTG Vitellogenin-like proteins

WWTPs

Wastewater Treatment Plants




1. INTRODUCTION

Pharmaceuticals and their metabolites are increasingly recognized as one of the most concerning
groups of emerging contaminants in almost every aquatic ecosystem (Wilkinson et al., 2022).
These compounds are continuously released into surface waters mainly through wastewater
treatment plants (WWTPs), which are generally not effective in their removal or biodegrading
efficiency (Conley et al., 2008; de Jesus Gaffney et al., 2015). In surface water, pharmaceuticals
are biologically active molecules designed to act on specific molecular targets in humans and
animals; however, their occurrence in the aquatic environment may affect non-target species,
particularly fish (da Silva Santos et al., 2018; Kreke & Dietrich, 2008; LalLone et al., 2013),
through similar biochemical pathways (Martins et al., 2012; Valdés et al., 2016). Therefore, this
group of pollutants has received increasing attention in recent years due to its potential ecological

and toxicological implications (Santos et al., 2010; Valdés et al., 2016).

Among these compounds, the anticonvulsant carbamazepine (CBZ) is widely prescribed. It is one
of the most frequently detected pharmaceuticals in rivers worldwide due to its high persistence
and poor removal during WWTPs (Breton et al., 2005a; H. Chen et al., 2014; Wilkinson et al.,
2022). Although CBZ toxicity has been investigated in several aquatic species, including algae,
cladocerans, and fish (da Silva Santos et al., 2018; Z. Li, Li, et al., 2010; Oropesa et al., 2016; Xin
et al., 2017). Most research has focused on short-term exposure, leaving its chronic biochemical

and physiological effects largely unexplored (Deblonde et al., 2011).

Progesterone (4-Pregnene-3,20-dione, P4) and related progestins are another group of emerging
micropollutants of concern. They are generally used in combination with estrogens as an oral
contraceptive and in hormone replacement therapy. Due to their widespread medical use, they are
commonly found in surface waters and are known to act as endocrine disruptors, affecting
reproduction, metabolism, and development in aquatic organisms (Cardoso et al., 2019; Fent, 2015;

Y. Liang et al., 2015; Orlando & Ellestad, 2014; Santos et al., 2010; Zeilinger et al., 2009).



Pharmaceuticals rarely occur alone; they often occur as multi-component mixtures with other
micro- and macro-pollutants in aquatic environments (Kasprzyk-Hordern et al., 2008; Lopez-
Serna et al., 2012; Vulliet & Cren-Olivé, 2011; Zrinyi et al., 2017). Evidence indicates that
mixtures frequently exhibit greater or unpredictable toxicity compared with individual compounds
(Backhaus & Karlsson, 2014; Cleuvers, 2003a; Flaherty & Dodson, 2005; Kortenkamp et al.,
2009). However, investigations into the combined effects of these compounds on non-target
organisms, particularly fish, at environmentally relevant concentrations remain scarce.
Furthermore, standard acute toxicity tests lack sufficient sensitivity to detect subtle biochemical or
developmental disturbances caused by such low-level exposures (Aguirre-Martinez et al., 2015).
Therefore, more sensitive molecular and biochemical endpoints are needed to evaluate the

potential risks of pharmaceutical mixtures to aquatic biota.



2. RESEARCH OBJECTIVES

Carbamazepine (CBZ) and progesterone (P4) often co-exist in aquatic environments, raising
concerns about their potential combined toxicological effects on aquatic organisms; however, their
combined effects remain poorly understood. The main objective of this study was to assess the
chronic toxicological impacts of these two pharmaceuticals, both individually and in binary
mixtures, at environmentally relevant concentrations, using two ecotoxicologically important fish

species: Cyprinus carpio (common carp) and Danio rerio (zebrafish).

To achieve this goal, the common carp experiment focused on single-compound exposure to CBZ
to simulate chronic pharmaceutical stress, whereas the zebrafish experiment examined the
combined exposure to CBZ, P4, and their mixtures to evaluate potential additive or synergistic

effects.

A set of key biochemical biomarkers was assessed to characterize endocrine disruption,
neurotoxicity, oxidative stress, and biotransformation processes, providing a comprehensive
understanding of how chronic CBZ and P4 exposures affect aquatic vertebrates at environmentally
relevant levels. By examining these indicators, the study aimed to provide a comprehensive
understanding of how CBZ alone (in the alternative fish model C. carpio) and CBZ/P4 exposures
(in D. rerio) chronically affect aquatic organisms at environmentally relevant concentrations,

offering insights into the potential risks of CBZ and P4 to freshwater ecosystems.



3. LITERATURE OVERVIEW

3.1. Micropollutants

As emerging pollutants, though micropollutants occur in different environmental matrices in trace
levels, ranging from a few ng/L to several pg/L in water bodies, they have become a global concern
due to their persistence, bioaccumulation potential, and biological activity. Micropollutants may
derive from a variety of sources, including industrial and agricultural activities, as well as daily
life activities. Micropollutants include industrial chemicals (plasticizers, fire retardants), pesticides
(insecticides, herbicides, and fungicides), trace metals (Nickel, Mercury, and Lead),
pharmaceuticals (non-steroidal and steroid anti-inflammatory pharmaceuticals, anticonvulsants,
antibiotics, lipid regulators, and stimulants), personal care products (UV filters, disinfectants, and
fragrances), steroid hormones (estrogens), micro-/nano-plastics, and persistent organic pollutants
(fluoranthene, benzene, and alachlor) (Abbasi et al., 2022; Directive 2008/105/EC of the European
Parliament and of the Council of 16 December 2008 on Environmental Quality Standards in the

Field of Water Policy, Amending and Subsequently Repealing., 2013; Luo et al., 2014).

Micropollutants may enter surface waters mainly from wastewater treatment plants (WWTPs), as
WWTPs have limited efficiency in removing micropollutants (Martins et al., 2012). The
regulations about the limitation of micropollutants are not enough to fully protect the natural
environment against micropollutants. Meanwhile, not all micropollutants have been listed with
limitations in the environment; worse still, not all countries have well-established and
comprehensive legislation about micropollutants in the environment. Some areas and countries
have well-developed legislation about micropollutant standards regarding water bodies. For
example, Directive 2008/105/EC is an Act of the European Parliament and of the Council on
environmental quality standards in the field of water policy. Limitations of certain micropollutants
are listed on the directive, such as Nonylphenol, Bisphenol-A, Dichlorodiphenyltrichloroethane

(DDT), Polyaromatic hydrocarbons (PAH), Ethylene Diamine Tetraacetic Acid (EDTA), and so
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on. In China, the main standard that specifically lists water pollutant indicators is the "Surface
Water Environmental Quality Standard" (GB 3838-2002). This standard classifies surface water
quality and establishes target quality levels for various water bodies. It also provides detailed limits
for different types of pollutants, ensuring a comprehensive framework for water quality assessment

and management (Surface Water Environmental Quality Standards (GB 3838-2002), 2002).

Micropollutants that cannot be completely removed from WWTPs are likely to enter the natural
environment (Valdés et al., 2016). Pharmaceuticals and other micro and macro contaminants are
usually present in environmental compartments in the form of multi-component mixtures
(Kasprzyk-Hordern et al., 2008; Lopez-Serna et al., 2012; Vulliet & Cren-Olivé, 2011; Zrinyi et
al., 2017). Although micropollutants have been discharged into nature at low concentrations with
invisible single effects, their components are complex, and the amounts are huge (Escher & Fenner,
2011; Luo et al., 2014), and the mixture effects of the micropollutants on aquatic organisms may
induce synergistic and antagonistic effects, and the mechanisms of action on non-target wildlife
are often complex (Luo et al., 2014; E. Silva et al., 2002). Cleuvers (2003a) stated that
pharmaceutical residues found in the aquatic environment usually appear in a mixture instead of
isolated compounds. His research highlighted that although the toxicity of a single substance is
low, there may be considerable combined effects between substances in mixtures. Notably, his
study reported a synergistic interaction between the combination of ethynylestradiol and
diclofenac, which, at low concentrations, were individually non-toxic; however, their mixture led
to adverse effects on Daphnia magna (Cleuvers, 2003a). Meanwhile, short- or long-term
exposure of aquatic organisms to mixtures of these trace micropollutants is highly likely to result
in unforeseen adverse effects, including acute and chronic toxicity, like endocrine-disrupting
effects, and the development of microbial resistance (Luo et al., 2014; Martins et al., 2012; Valdés

etal., 2016).

Endocrine-disturbing chemicals (EDCs) have been shown to interfere with endocrine functions.
These chemicals interfere with hormonal signalling pathways, potentially leading to adverse

effects on humans' and wildlife's reproductive, developmental, and metabolic health (Acs et al.,
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2022; Galus et al., 2014; Runnalls et al., 2015). This issue has raised concern since the late 1990s,
as the feminization of male fish has been reported in aquatic environments worldwide. Reports
from various regions highlight the global issue of male fish feminization in aquatic environments.
Studies have identified estrogens and estrogen-like molecules, such as 17a-ethinylestradiol (EE2),
as key contributors, disrupting fish reproduction and sexual development even at trace
concentrations (Sumpter & Jobling, 2013). Additionally, the antibiotic ciprofloxacin has been
shown to exert chronic toxic effects on D. magna at low concentrations (Martins et al., 2012). The
persistence of these contaminants may further affect organisms at higher trophic levels through
food chains. Another contaminant, the biocide triclosan (TCS), has been associated with
embryotoxicity, hatching delays, and altered biomarker levels in zebrafish (D. rerio) (Oliveira et

al., 2009).

3.2. Pharmaceuticals in the Environment

Pharmaceuticals are used by humans and in veterinary medicine, and some pose a risk to the
environment (Fent et al., 2006). Pharmaceutical residues in the environment have become the
subject of numerous studies (Santos et al., 2010). The pharmaceuticals began commercialization
in the late 1980s. Human beings and pharmaceuticals have been closely linked for hundreds of
years (Hughes et al., 2013; Staszny et al., 2021a). With the wide consumption and improper
disposal, more than 4,000 different pharmaceuticals have been found in the environment over the
past decades. Due to population explosion, urbanisation, industrialization, and improper
agricultural activities, pharmaceuticals have become a major environmental contaminant since the
2000s (Hughes et al., 2013; Kiimmerer, 2009). The main source of pharmaceutical residues in
different waterbodies is pharmaceutical residues excreted by humans and entering via WWTPs
(Hughes et al., 2013) due to WWTPs' limited efficiency in removing micropollutants, including
pharmaceuticals (Martins et al., 2012). In addition, hospital wastewater also contains many

pharmaceuticals (Brown et al., 2006).

Pharmaceuticals are compounds with biological activity, intended to interact with specific
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pathways and processes in humans and animals. Pharmaceutical residues and their metabolites can
have potential impacts on non-target organisms following similar metabolic pathways (Valdés et
al., 2016). Inadequately treated pharmaceuticals circulate into other water bodies (e.g., surface
water, groundwater, agricultural water) (Vernouillet et al., 2010), which may bioaccumulate
(Valdés et al., 2016) and/or exert noxious effects on living organisms (Kodom et al., 2021;

Vernouillet et al., 2010), especially fish (da Silva Santos et al., 2018; Runnalls et al., 2015).

The potential impairment caused by pharmaceuticals in water bodies remains relatively less
understood than other pollutants. Recent studies (Hughes et al., 2013; Lindberg et al., 2014;
Wilkinson et al., 2022) have reported that huge amounts of pharmaceuticals co-occur in the aquatic
environment simultaneously, especially in WWTPs and agricultural runoffs (Chauveheid &
Scholdis, 2019). A deeper understanding and evaluation of the ecological risks posed by
pharmaceuticals is needed. Therefore, more data and testing are required for the proper assessment

of their effects on the environment (Ankley et al., 2007).

3.3. General information of compounds investigated in this work

3.3.1. Carbamazepine

Carbamazepine (5H-dibenz/bf/azepine-5-carboxamide) (CBZ) is an anticonvulsant drug
prescribed worldwide for the treatment of bipolar disorder, trigeminal neuralgia, and psychomotor

epilepsy (Breton et al., 2005b). The chemical structure depiction of CBZ is displayed in Figure 1.



Figure 1: Chemical Structure Depiction of CBZ. Cited from National Center for Biotechnology Information (2024).
PubChem Compound Summary for CID 2554, Carbamazepine. Retrieved August 30, 2024 from

https://pubchem.ncbi.nlm.nih.gov/compound/Carbamazepine.

In 1997, the consumption of carbamazepine in Austria reached 6,334 kg (Umweltbundesamt,
1999). Among psychiatric pharmaceuticals, CBZ is one of the most common pharmaceuticals
found in municipal WWTPs’ effluents and urban-impacted surface waters, leading to its frequent
detection in aquatic ecosystems, even in drinking water (Bjorlenius et al., 2018; Breton et al.,
2005b; Clara et al., 2004; Santos et al., 2010). It is known that CBZ is absorbed almost entirely in
the human gastrointestinal tract, and 72% of the received dose is discharged into the sewage system
through urine (Cunningham et al., 2010). The residuals are mainly metabolised in the liver into
carbamazepine 10,11-epoxide and other derivatives. These metabolites have antiepileptic
properties as well as the CBZ itself (Van Rooyen et al., 2002). However, only 7 to 10% of the CBZ
entering wastewater can be removed in WWTPs (Bjorlenius et al., 2018; H. Chen et al., 2014).
Like other trace pollutants that are not fully eliminated, CBZ is released into the natural
environment and has a relatively slow degradation process in the environment, typically lasting
about 82 days in surface water (Branddo et al., 2013). Therefore, CBZ is widely distributed

globally in various water bodies, with concentrations ranging from 3.3 to 128.2 ng/L and an
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average of 23.3 ng/L reported globally (Wu et al., 2022). Regionally, significant variations in CBZ
concentrations have been observed. For example, in the Nansi Lake basin, China, concentrations
were detected as high as 150 pg/L (Sim et al., 2011). In South Korea, surface waters showed
concentrations up to 12 pg/L (Loos et al., 2009), while in Europe, levels reached 0.8 pg/L within
the Danube River in Hungary (Kondor et al., 2021; Staszny et al., 2021b). These variations may
be influenced by factors such as population distribution. Research indicates that CBZ levels tend

to be higher among populations aged over 70 years and below 5 years (Ebrahimzadeh et al., 2021).

In humans, CBZ as an anticonvulsant drug affects neurotransmission at the molecular level
through a variety of mechanisms. Affects the potassium and sodium channels in nerve cells and
signalling pathways. Stabilizing these sodium channels' activity helps reduce the abnormal activity
of nerve cells (Ayano, 2016; Brodie et al., 1995). CBZ plays an important role in medicine;
however, researchers found it has adverse impacts on non-target organisms in the environment,
especially when it is present as an environmental pollutant (Brandao et al., 2013; da Silva Santos

et al., 2018; Galus et al., 2014; Yan et al., 2018).

Many studies about the lethal and sublethal effects of CBZ have assessed the biota freshwater
habits including organisms such as algae, cladocerans, and fish (LaLone et al., 2013; Z. Li, Li, et
al., 2010; Oropesa et al., 2016; Xin et al., 2017). As an emerging pollutant, CBZ was found to
damage the cell membranes of green algae Chlorococcum sp., but developed resistance to CBZ
after longer exposure (Xin et al., 2017). Environmentally relevant concentrations of CBZ (200
ug/L) can significantly reduce the reproductive yield and slow the rate of ecdysis rate of Daphnia
magna (Oropesa et al., 2016). Many studies have shown that CBZ can cause short and chronic
toxicity to zebrafish, including causing eating disorders, affecting the growth and development of
zebrafish embryos and larvae, decreasing egg producing activity, affecting the maturation of
gonadal follicles in female fish, affecting sperm activity in male fish, and various molecular
biochemical changes (da Silva Santos et al., 2018; Fraz et al., 2018; Gasca-Pérez et al., 2019;

LaLone et al., 2013; Z. Li, Li, et al., 2010; Pohl et al., 2019; Qiang et al., 2016).



The bioconcentration factor (BCF) of CBZ in zebrafish plasma was reported to range from 0.83 to
1.45, indicating limited bioaccumulation potential (Z. Li et al., 2011). The total elimination half-
life of CBZ in zebrafish is approximately 0.48 days (Z. Li et al., 2011), suggesting rapid clearance
from the organism. CBZ has been shown to exert multiple toxic effects in zebrafish. It can act as
an endocrine-disrupting compound by altering sex steroid hormones, leading to decreased
reproductive capacity, reduced embryo production, and irregular oocytes (Deblonde et al., 2011).
In addition, CBZ has also been reported to prolong feeding time and reduce food-intake efficiency,
indicating behavioral disturbances in zebrafish. Furthermore, it was also shown that CBZ has
neurotoxic potential to aquatic organisms and can inhibit the activity of acetylcholinesterase
(AChE), thereby affecting neurotransmission function. For example, 100 pg/L CBZ exposure to
zebrafish decreases AChE activity, which in turn affects their behaviours and survival (Jia et al.,
2020; LaLone et al., 2013). CBZ also altered liver antioxidant and detoxification enzymes, such
as glutathione S-transferase (GST), reduced the activity of catalase (CAT) and lactate
dehydrogenase (LDH), and caused DNA damage under continuous exposure to 1, 10, and 100 pg
L' CBZ for 63 days (da Silva Santos et al., 2018). Exposure to a high dose of CBZ (100ug/L) for
45 days inhibited superoxide dismutase (SOD) activity of zebrafish (Jia et al., 2020). Moreover,
Fraz et al. (2018) found that CBZ can impact steroidogenic enzyme expression or function in
zebrafish after chronic exposure to 10 pg/L CBZ for 67 days. Changes in steroidogenic enzymes
may lead to disruption of the endocrine system. This may affect the balance of sex hormones,
increase estrogens, and decrease androgens which further affects reproductive ability and

development (Tougu & Kesvatera, 1996; Yan et al., 2021).

Besides zebrafish, in common carp (C. carpio), high concentrations of CBZ (0.2 to 2 mg/L)
reduced the activity of SOD, glutathione peroxidase (GPx), glutathione reductase (GR), increased
lipid peroxidation (LPO) and protein carbonylation content in the sperm of common carp after two
hours of in vitro exposure. This suggests that CBZ has significant effects on the antioxidant system,
resulting in increased production of reactive oxygen species (ROS), which may cause oxidative

stress. This can damage cell structure and function (Li et al., 2010). These changes were observed
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not only in common carp but also in the brain tissue of rainbow trout (Oncorhynchus mykiss). CBZ
increased lipid peroxidation, meanwhile decreasing SOD and GR, however, the changes of GPx
and CAT showed a nonlinear reaction over time, and their activity increased first and then
decreased (Chen et al., 2017). In a previous study, Gasca-Pérez et al. (2019) reported that after 7
days of subacute treatments with 2 mg/LL CBZ, increased the LPO, hydroperoxide and protein
carbonyl content, while the activities of antioxidant enzymes (SOD, GPx and CAT) were decreased
(Galus et al., 2014). These authors suggested that CBZ has a wide range of adverse effects on
freshwater ecosystems, especially fish, including oxidative stress, endocrine disruption, toxicant

biotransformation alteration, and organ and tissue damage.

3.3.2. Progesterone

Steroid hormones are a class of lipophilic small molecules. They play an important regulatory role
in the body, including regulating physiological processes such as growth, development,
reproduction, and metabolism (Li, 2004). They enter the environment at a low level while posing
potential risks (Christen et al., 2010). Among the pharmaceuticals, steroid hormones are
considered strong endocrine disruptors (Fent, 2015), of which progestins have been the least
studied, although P4 and synthetic progestins are frequently detected (Fent, 2015). Steroids with
progesterone activity are referred to as gestagens, progestins, or progesterone. The term
"progestins" is used specifically referring to synthetic progesterone (Paulos et al., 2010; Zeilinger
etal., 2009). Natural progesterone (4-pregnene-3, 20-dione, P4), is commonly used in combination
with estrogens as oral contraceptives and hormone replacement therapy. Endogenous P4 is an
important regulator which is secreted by the corpus luteum of the ovary, and it plays a key role
during oocyte maturation and pregnancy in vertebrates (Orlando & Ellestad, 2014; Zeilinger et al.,
2009). As a natural steroid hormone, P4 is involved in the female menstrual cycle, pregnancy, and
embryogenesis in humans and vertebrates (Fent, 2015). P4 and synthetic progestins are often
detected in surface water due to their widespread use and discharge into aquatic environments
through human and animal faeces, and urine, from paper mill wastewater, wastewater treatment

plant wastewater and agricultural runoff (Orlando & Ellestad, 2014) containing P4 concentrations
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ranging often from 0.07 to 22.2 ng/L(Fent, 2015; Santos et al., 2010), however, the concentration
can reach several pg/L around animal farm waste and runoffs (Fent, 2015). Kolpin et al. (2002)
found P4 at low ng/L concentrations at half of the 139 test sites in U.S. streams, including

progesterone and norethindrone.

Environmental gestagens are regarded as emerging pollutants (Orlando & Ellestad, 2014), for
example, some synthetic progestins may interfere with the reproductive system of freshwater
species (Cardoso et al., 2019; Y. Liang et al., 2015; Orlando & Ellestad, 2014; Zeilinger et al.,
2009; Zrinyi et al., 2017). For instance, when Lymnaeas were exposed to a mixture (10 ng/L) of
P4 with three other progestine types (levonorgestrel, drospirenone, and gestodene), fewer eggs
were laid in the first week, and the eggs were in low quality (Zrinyi et al., 2017). Another study
found that the reproductive time of wild Xenopus laevis was altered by environmental gestagens

(Ogawa et al., 2011).

In zebrafish, exposure to 25 ng/L P4 for 21 days (Bliithgen et al., 2013) and to 33-666 ng/L
megestrol acetate (MTA), which is another synthetic progestins for 21 days, with a significant
reproductive decline observed at 666 ng/L (Han et al., 2014) have been demonstrated to adversely
affect reproduction. The BCF levels of different progestins range from 7 (Dienogest) to 128
(Medroxyprogesterone acetate) (Rocha & Rocha, 2022). More recently, Liang et al. (2015) found
that exposure to zebrafish to 4, 33, and 63 ng/L P4 from 20 to 60 days post fertilization resulted in
a significant increase in the proportion of females, with the strongest effect observed at 63 ng L.
The sex hormone levels of zebrafish were altered; sex differentiation may have been aftected, and
gene expressions were also affected. Cardoso et al. (2019) exposed female zebrafish to 10 and
1000 ng/L levonorgestrel (a synthetic progestin) for 21 days and observed significant hepatic
responses at the lower concentration. Specifically, VTG immunostaining was reduced, and catalase

showed a hormetic response at 10 ng/L

3.4. Combined effects of pharmaceuticals

As mentioned before, pharmaceuticals and other micro- and macro-contaminants are usually
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present in environmental compartments in the form of multi-component mixtures (Kasprzyk-
Hordern et al., 2008; Lopez-Serna et al., 2012; Vulliet & Cren-Olivé, 2011; Zrinyi et al., 2017).
Two common mathematical models are used to describe the joint effect of toxic mixtures:
Concentration Addition (CA) and Independent Action (IA) models. The CA model is one of the
most used models in mixture toxicity research, and it can be dated back to the early works of
Loewe and Muischnek in 1926 (Loewe & Muischnek, 1926), who introduced it in pharmacology.
Later, the CA model was formalized mathematically by Berenbaum in 1985 using the following

equation:

n

Z Ci ~ 1
L ECxi
i=1

In the equation, C; (Individual concentration of each substance in the mixture) represents the actual
concentration of substance 7 in the mixture, and ECx; (Effect concentration of each substance at x%
effect level) is the concentration of the single chemical that would induce the same x% effect when
acting alone. The CA model describes the combined effects of chemicals that share the same mode
of action. It assumes that the toxic effects of all chemicals can be summed, and their combined
effect is equivalent to the sum of their individual effects. Importantly, even when all individual
substances are below their no observed effect concentration (NOEC), they may still contribute to
the total effects of the mixture. To quantify the contribution of each chemical, concentrations can
also be expressed in terms of Toxicity Units (TU), where TU; = C;/ ECx;, If the sum of toxicity
units £TU is less than or equal to 1, no toxic effect is expected; if it exceeds 1, toxicity may occur
(Cleuvers, 2003b; Iwasaki & Gauthier, 2016). The CA model has been widely applied in
ecotoxicology to predict the joint toxicity of environmental pollutants, including pharmaceuticals
and pesticide residues. Additionally, Backhaus and Faust (2012) expanded the use of the CA model
in environmental sciences, making it an essential tool for ecological risk assessment (ERA)

(Backhaus & Faust, 2012).
On the other hand, Bliss introduced the concept of Independent Action (IA) in 1939 (Bliss, 1939).
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The IA model is also known as the Response Addition model. Some compounds in their mixture
have different modes of action, and these compounds act on different biological pathways and
have different modes of action, meaning their toxic effects are not additive (Iwasaki & Gauthier,
2016). Unlike the CA model, if the concentration of each substance in the mixture is below its
respective NOEC, these substances will not contribute to the overall effect of the mixture; in other
words, there will be no toxic effects of the mixture if the concentrations of each substance are
below their NOEC. The IA model assumes that the substances in the mixture contribute

independently to the total toxicity. (Bliss, 1939; Cleuvers, 2003a).

The mathematic equation of IA for a binary mixture can be expressed as:

E(cmix) =1 = [(1 — E(c))(1 — E(cp)]

The mathematic equation of IA for general mixtures can be expressed as:

Elem) = 1= | 1= ECed)
{i=1}
Where E(c;) and E(c2) are the effects of the single chemicals, and E(cumix) represents the total
effects of the chemical mixture. £ (c;) is the effect induced by the individual chemical i at its

concentration c;.

Until recently, there have been very limited studies on the toxic effects of the mixtures on non-
target organisms like fish, especially when they are present as mixtures at environmentally relevant
concentrations. Moreover, the toxic effects of mixtures in combination were generally higher than
the toxicity of the compounds on their own (Backhaus & Karlsson, 2014; Kortenkamp et al., 2009).
Mixtures of pharmaceuticals can induce unexpected effects even when individual compounds
show no significant effects. For example, Flaherty and Dodson (2005) found that specific
pharmaceutical mixtures, such as a combination of fluoxetine (36 png/L) and clofibric acid (100
ng/L), caused significant mortality and deformities (36 pg/L fluoxetine and 10 pg/1 clofibric acid)

of D. magna, although clofibric acid (10 pg/l) showed a positive effect which was significantly
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increased the fecundity of D. magna. The ternary mixture of erythromycin, triclosan, and
trimethoprim caused a significant change in the sex ratio of D. magna (with 20% fewer male
offspring compared to the control) at the mixture concentrations of 30 pg/l, while the individual
components did not cause significant acute effects at 10 pg/L (Flaherty & Dodson, 2005). Even
binary mixtures of different compounds tend to show a similar phenomenon (Cleuvers, 2003a;
Flaherty & Dodson, 2005). Mixtures such as fluoxetine (36 pug/L) and clofibric acid (100 pg/L)
killed more than 50% of the Daphnia magna population after 6 days of exposure, while the
individual components did not cause significant effects (Flaherty & Dodson, 2005). The
interaction of drug mixtures (roxithromycin-fluoxetine and propranolol-fluoxetine) at 4, 20, and
100 pg/L fluoxetine for 7 days induced a stronger antioxidant response than the single one to the
fish liver (Ding et al., 2016). Runnalls et al. (2015) observed that a mixture of the synthetic
estrogen ethinylestradiol (EE2) and levonorgestrel reduces egg production of fathead minnow
(Pimephales promelas) in a concentration-dependent manner, while the model of the combined
effects is not defined in this study. Cleuvers (2003a) found that the combined effect of clofibrate
and CBZ follows the concept of concentration addition in the mixture test on daphnia. The mixture
resulted in more immobilization on Daphnia magna than its individual component. Jia et al. (2020)
found that combined exposure to CBZ (1, 10, and 100 pg/L) and Cu (0.5, 5, and 10 pg/L) for 45
days led to more reactive oxygen species production, more severe effects on the antioxidant system,
and more severe damage to zebrafish liver cells. The combined environmental-related
concentrations of CBZ and Cu can inhibit AChE-related by inhibiting the expression of the AChE-

realted gene, leading to neurotoxic effects in zebrafish.

3.5. Environmental toxicology methods

3.5.1. Standardized methods and species

Aquatic toxicity refers to the effects of chemicals on water-dwelling organisms which contain
different trophic levels. The endpoints of a toxic assessment can be acute or chronic. Acute toxicity

refers to short-term exposure, and the LCso (lethal concentration for 50% of test organisms) is
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often used. Chronic toxicity refers to long-term exposure, and the endpoints include NOEC (No
Observed Effect Concentration), LOEC (Lowest Observed Effect Concentration), and ECx values.
Acute aquatic toxicity is mandatory in EU chemical legislation (European Commission Joint

Research Centre, 2023).

Standard test methods have been developed to assess the risk of a single chemical substance in
aquatic environments, guiding for evaluation of their potential toxicity (United States
Environmental Protection Agency (EPA), 2024). These methods are not only applied in the
laboratory but also applied to natural environmental samples to improve the ecological risk
assessment (Anderson et al., 2004). Typically, single-species tests in acute cases are often
conducted, where the endpoint is most often survival, growth, reproduction, or related
physiological features (Crouau & Moia, 2006; OECD, 2004, 2006). However, relying on a single
species may not fully indicate the complexity of real ecological conditions. Therefore, a battery
test system involving multiple species from different trophic levels is recommended (Acs et al.,
2013; Repetto et al., 2001). Meanwhile, it is important to make sure that the test species adequately
represent the studied biota, also a sensitive indicator (European Commission Joint Research Centre,
2023). Among the standardized zooplankton organisms commonly used in aquatic toxicology, D.
magna, Daphnia pulex, and Ceriodaphnia dubia are widely applied due to their sensitivity to
pollutants (Versteeg et al., 1997). Endpoints such as the immobilization of D. magna belong to

standard acute toxicity tests (OECD, 2004).

Over the past decade, it has become evident that standard acute toxicity tests lack the sensitivity
needed to evaluate the effects of pharmaceuticals on aquatic organisms. For instance, teratogenic
effects were observed in sea urchin (Paracentrotus lividus) after exposure to environmental
concentrations of carbamazepine and ibuprofen at a concentration as low as 10 ng/L (Aguirre-
Martinez et al., 2015). It underscores the importance of incorporating more sensitive response
endpoints, such as molecular-level biochemical markers, in toxicology studies to enhance the

detection and assessment of toxic effects.
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Environmental Risk Assessment (ERA) is a scientific process used to predict the potential adverse
effects of pollutants on the environment and human health while also determining whether
appropriate risk management measures are required (Depledge & Fossi, 1994; Van der Oost et al.,
2003). ERA regulations are typically based on short-term ecotoxicological studies across various
species (Aguirre-Martinez et al., 2015). The Organization for Economic Cooperation and
Development (OECD) guidelines for the Testing of Chemicals are a unique tool for assessing
chemical impacts on health and the environment. Internationally recognized as standard safety
testing methods, these guidelines are extensively adopted by industry, academic researchers, and
regulatory agencies for the assessment of a broad range of chemicals from industrial chemicals
and agricultural pesticides to personal care products. Their wide applicability ensures consistency
and reliability in chemical safety evaluations across diverse sectors, facilitating the identification
of potential risks to both human health and environmental systems (OECD, 2024). For example,
the acute fish test (OECD, 2019) involves exposing fish to varying concentrations of a test
substance over a short period (typically 96 hours) to determine the concentration that causes
mortality in 50% of the fish (LCso), thereby assessing the substance's acute toxic effects. In
addition to the OECD, the United States Environmental Protection Agency (USEPA, 1995)
contributes to the development of relevant standards and guidelines for ERA. Similarly, the
International Organization for Standardization (ISO) has established various standards for
toxicological testing. For instance, ISO 21115 provides guidelines for assessing the acute toxicity

of water samples and chemicals using a fish gill cell line (ISO, 2019).

Aguirre-Martinez et al. (2015) reported that carbamazepine and ibuprofen significantly reduced
embryo-larval development at a concentration of 10 ng/L compared to the control group. However,
no toxic effects were observed when using three other common standardized acute toxicity tests—
bioluminescence inhibition in Vibrio fischeri, growth inhibition in Isochrysis galbana and
Pseudokirchneriella subcapitata, and fertilization tests in sea urchins—at much higher
concentrations in the mg/L range. The bioluminescence inhibition assay evaluates the effects of

pharmaceuticals on V. fischeri by measuring changes in bacterial luminescence following exposure
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to a range of test concentrations. V. fischeri luminescence serves as an indicator of its response to
toxic substances (Aguirre-Martinez et al., 2015; Azur Environmental, 1998; OECD, 2006).
However, the results demonstrate that bioluminescence intensity alone is insufficient for
evaluating pharmaceutical toxicity. While bioluminescence inhibition assays were included in the
study to assess pharmaceutical effects, the findings underscore the limitations of standard acute
toxicity tests. Specifically, the current endpoints defined in existing guidelines may lack the
sensitivity required to detect the subtle toxic effects of pharmaceuticals on aquatic organisms. This
calls for the integration of more sensitive biomarkers and refined endpoints in future toxicological

assessments.

3.5.2. Alternative methods and test species

Toxicology testing has traditionally relied on mammals, particularly in regulatory assessments.
However, in recent years, increasing public and scientific interest in reducing vertebrate use has
led to the exploration of alternative model organisms in toxicology testing. According to the White
Paper, European Commission (2001) and EU Directive 86/609/EEC (1998), the number of animal
tests should be minimized where it’s possible. Current efforts focus on integrating non-vertebrate
species, such as bacteria, fungi, algae, invertebrates, and early-stage vertebrate embryos, into

standardized test batteries (Repetto et al., 2001).

A variety of pollutants and their derivatives create a more challenging situation for risk assessment
due to their interactions and delayed toxic effects (Van der Oost et al., 2003). These pollutants
often present complex risks because their effects on wildlife populations are not immediately
apparent. Conventionally, mortality is regarded as a standard endpoint in ecotoxicology, but
mortality is an irreversible and non-specific indicator that may fail to indicate the sublethal effects
of low chemical substances, whose effects cannot be detected by mortality tests and may also pose
an ecological risk. On the other hand, harmful effects are typically difficult to detect on time, as
they may appear much later after exposure, and the damage can be difficult or even impossible to

reverse once it is evident. This delayed detection emphasises the importance of focusing on
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sublethal endpoints, providing earlier, more specific insights into the toxic mode of action (MoA)
of the exposure material. Sub-lethal biomarkers, such as changes in behaviour, reproduction, and
biochemical processes, often serve as early indicators of stress or damage caused by environmental
pollutants. These sublethal biomarkers serve as sensitive indicators and are especially valuable for
identifying risks early. The absence of these sublethal endpoints may result in undetected risks,
with severe damage before conventional methods are capable of detecting (Bayne et al., 1985; Van

der Oost et al., 2003).

The hierarchical biological responses to environmental stress within the biological system are
shown in Figure 2, starting at the molecular level, and progressing through subcellular (organelles),
cellular, tissue, organ, organism, population, community, and finally, ecosystem levels. Each level
of biological organization exhibits distinct responses to stressors, which underscores the
importance of using biomarkers to reflect early warnings of environmental toxins. Measuring
biomarkers at different biological levels allows for the detection of early warnings of
environmental stress and offers identification of potential risks before significant damage or death
(Aguirre-Martinez, 2021; Bucheli & Fent, 1995). Biomarkers serve as measurable indicators of
the presence of toxic substances within an organism. These biomarkers are typically derived from
body fluids, cells, or tissues, and they reflect biochemical or cellular changes resulting from the
presence of toxic substances or the organism's response to these substances (Committee on

Biological Markers of the National Research Council, 1987; Van der Oost et al., 2003).
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Figure 2: The response orders to environmental stress within a biological system with adjustments (Bayne et al.,

1985).

A variety of biochemical and molecular approaches have been developed to evaluate sublethal
toxicity, such as Enzyme-based assays (in vivo, in vitro), immunological methods (e.g., ELISA),
mammalian cell line-based assays, and PCR-based molecular biomarker detection. Additionally,
biochemical biomarkers serve as indicators of physiological stress and can be categorized, for

example, as follows:

Markers of energy reserves

Lipids

Proteins

Carbohydrates

Electron transport system (ETS) activity

Markers of chemical impact

(a) Biotransformation markers
7-Ethoxyresorufin-O-deethylase (EROD)
Glutathione-S-transferase (GST)
Metallothioneins (MT)

Benzo[a]pyrene hydroxylase (BaP)
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Glutathione (GSH & GSSG)
(b) Antioxidant enzymes
Catalase (CAT)
Glutathione peroxidase (GPx)
Superoxide dismutase (SOD)
(c) Markers of Cellular Damage
- Lipid peroxidation (LPO)
DNA strand breaks (DNAsb)
Chromosomal aberrations (MN)
Acetylcholinesterase (AChE)
Endocrine disruption markers (e.g., Vitellogenin (VTQG))

Various biochemical biomarkers have been selected to screen for and identify mechanistic effects.
For example, biomarkers of oxidative stress, such as catalase (CAT), superoxide dismutase (SOD),
and glutathione peroxidases (GPxSe and GPxTOT), can provide early indications of oxidative
damage. These biomarkers offer sub-lethal means of assessing pollutant-induced stress and can
detect changes in the organism's physiology before more severe damage occurs. Other biomarkers
include those related to xenobiotic metabolisms, such as 7-ethoxyresorufin O-deethylase (EROD)
and glutathione-S-transferase (GST), which reflect the organism’s ability to detoxify harmful
substances and alterations in xenobiotic metabolization processes. Additionally, biomarkers
related to nervous system effects, DNA damage (such as DNA strand breaks (DNAsb)), and
endocrine disruption (e.g., vitellogenin-like proteins (VTG)) provide further insights into the
toxicological effects of pollutants (Cardoso et al., 2019; Ding et al., 2016; X. Liang et al., 2022;
Nkoom et al., 2020).

To reduce conventional vertebrate models, alternative test species are increasingly utilized in
ecotoxicological assessments. For instance, Dreissenid mussels in Lake Balaton are one of the
most abundant macroinvertebrates in the littoral zone, making them ideal candidates for pollution
monitoring and bioaccumulation studies. Given their filter-feeding nature, these mussels
effectively accumulate pollutants, providing insights into contaminant levels in aquatic
environments (Acs et al., 2016; Farkas et al., 2017).

Fish have received considerable attention as sentinel species in aquatic ecosystems in aquatic
28



pollutant studies (Powers, 1989). They are valuable for assessing the health of aquatic ecosystems
because they are sensitive to a wide range of pollutants and can provide early warning signs of
contamination. Despite species-specific limitations, fish biomarkers remain an effective tool for
pollution monitoring. These biomarkers help assess a wide range of pollutants and their impacts,
although there are variations in how biomarkers are expressed across different fish species (Van

der Oost et al., 2003).

In recent years, a variety of alternative tests have been developed using biochemical markers as
endpoints to assess environmental stress in a more specific and sensitive manner (Gagné, 2014).
For example, to assess oxidative stress caused by a particular substance, antioxidant enzymes such
as SOD are measured. These assays can be performed in high-throughput 96-well microplates,
allowing for large-scale screening of pollutant effects. In a non-enzymatic superoxide generation
system, p-iodonitrotetrazolium (p-INT) (Ewing & Janero, 1995) is used as a substrate to detect the
presence of superoxides. When superoxides are generated, p-INT undergoes a reduction reaction,
resulting in a colour change. This colour change can be measured to detect the production of
superoxides and assess the associated biochemical reactions. Such assays provide efficient and

effective means of monitoring oxidative stress in aquatic organisms (Gagné, 2014).

For instance, the assay for measuring the activity of CAT is based on the time-dependent
elimination of H2O2 by CAT. There are different assays to assess the CAT activity. The assay used
in this study is based on the measurement of the decay rate of H,O catalyzed by CAT using a
multimode spectrophotometer (Aebi, 1984). The concentration of H»O, was followed by
measuring absorbance at 240 nm, specific for H2O.. Alternatively, a fluorescence-based assay can
also be employed, where fluorescence intensity decreases over time due to CAT activity, using a
fluorescent dye (Gagne & Francois, 2014). Both methods measure the CAT activity ultimately, but

they differ in the techniques and parameters they measure (absorbance vs. fluorescence).

In addition to oxidative stress, the biotransformation of xenobiotic substances is another critical

area of research. Cytochrome P450-associated activity is commonly assessed to understand how
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organisms metabolize and detoxify pollutants. Specific substrates are used for different
cytochrome P450 subtypes (e.g., P4501A1, P4501A2, P4503A4), and enzyme-linked
immunoassays or targeted mRNA gene expression can be used to measure enzyme activity and
gene expression (Gagné, 2014). These assays provide valuable information on the mode of action
of pollutants, making it possible to track the biochemical pathways through which pollutants exert

their toxic effects.

Vitellogenin (VTG) is another important biomarker used to assess endocrine disruption in aquatic
organisms VTG is synthesized in the liver of vertebrates and gonads of invertebrates, and its
production is regulated by estradiol and other neuropeptides (Gagnaire et al., 2009). The presence
of VTG is an indicator of estrogenic activity and can be measured using direct and indirect assays.
Indirect assays measure VTG levels by assessing the levels of alkali-labile phosphates, while direct
detection involves quantitative polymerase chain reaction or enzyme-based immunoassays.
However, VTG levels can vary significantly between species, so species-specific assays are
required. A VTG immunoassay developed for one fish species may not be suitable for detecting
VTG in another species, highlighting the need for tailored approaches when assessing endocrine

disruption across different organisms (Gagne & Francois, 2014a).

In addition to biochemical biomarkers, physiological, histological, and morphological biomarkers
are also measured in ecotoxicology to assess the impact of environmental pollutants at multiple
biological levels (Van der Oost et al., 2003). Such as survival, reproduction (Kuperman et al.,
2018), changes in locomotion (Da Luz et al., 2004), feeding activity, heart rate, and light preference,
can serve as early warning indicators. For instance, exposure to Cylindrospermopsis raciborskii
has been shown to cause significant feeding inhibition and increased lethality in crustacean
neonates (Acs et al., 2013). Similarly, exposure to Avobenzone, a common sunscreen ingredient,
has been reported to increase reproductive output, heart rate, and filtration rate in D. magna, while
simultaneously reducing swimming activity (Németh et al., 2024). To assess the behavioural and
physiological biomarkers, feeding inhibition assays can be conducted on D. magna. Their ability

to ingest food particles was measured. D. magna acute immobilization assay can be applied to
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measure the swimming, determining the physiological stress effect. The heart rate measured
according to the number of beats per minute of D. rerio embryos can examine the sublethal effect
(Acs et al., 2013). The filtration rate can be assessed by measuring the optical density (OD650 nm)
of an algal suspension before and after a 4-hour exposure using a spectrophotometer (Németh et

al., 2024).

3.6. Model species

Zebrafish (D. rerio) (Figure 3) is a small tropical freshwater fish that originated from northern
India (Briggs, 2002; Howe et al., 2013). The important beginning of the formal use of zebrafish as
a laboratory model began in 1981 with George Streisinger (Streisinger et al., 1981). As a vertebrate,
the zebrafish is one of the most popular animal models for the analysis of host-pathogen
interactions and infectious diseases (H. Meijer & P. Spaink, 2011; Llamas & van der Sar, 2014).
There are many advantages to using zebrafish as a test model, for example, zebrafish have strong
reproductive ability, a short growth period, are easy to feed, are low-cost to manage, and can meet
the requirements of the experiment on the number of samples and the experiment period (Veldman
& Lin, 2008). The most important reason is that zebrafish share a high genetic similarity with
humans; they have direct homologues of 82% of the genes associated with human disease (Howe
et al., 2013). Also, zebrafish take advantage of the optical transparency of the embryos (Briggs,
2002; H. Meijer & P. Spaink, 2011). Therefore, zebrafish have been applied frequently in the field
of toxicology (MacRae & Peterson, 2015). Besides, because zebrafish are relatively small (3-4 cm)
and have high efficiency in reproduction (Finley & Zon, 2004), it’s easier and cheaper to use
zebrafish than other bigger animal models (Veldman & Lin, 2008). Zebrafish usually lay eggs in
the early morning, and spawning behaviour is influenced by the light cycle. When breeding, male,
and female fish can be put into the breeding tank in a certain proportion, and they will mate and

lay eggs (Westerfield, 2000).
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Figure 3: Adult male and female AB strain of zebrafish, picture adapted from (Teame et al., 2019) Available at

https://www.ncbi.nlm.nih.gov/pmc/articles/PMC6951987/ at 2024.09.05.

Common carp (C. carpio), a teleost species native to the Black, Caspian, and Aral Sea basins, is
one of the most widely recognized freshwater fish species due to its adaptability and economic
significance. Over time, this species has been successfully introduced to numerous regions
worldwide, becoming a significant role in commercial aquaculture because of its fast growth,
resilience, and high market demand. Mature carp typically measure between 25 and 36 cm in
length, although this can vary depending on environmental conditions and local aquaculture
practices. Known for their hardy nature, common carp can thrive in various aquatic habitats, from
natural rivers and lakes to artificial ponds and reservoirs. Importantly, common carp have emerged
as a valuable species in environmental and toxicological research. Their ability to tolerate diverse
environments while maintaining physiological sensitivity to xenobiotics makes them particularly
useful for studying the impacts of environmental contaminants. These fish exhibit measurable
adaptive responses when exposed to pollutants, making them effective bioindicators of aquatic

ecosystem health. Additionally, they are easy to handle and could acclimate well to laboratory
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conditions, further supporting their use as test models in toxicological assays. The combination of
their ecological adaptability, economic importance, and scientific relevance underscores the
important role of common carp in both applied and experimental contexts, particularly in assessing
the risks of exposure to contaminants in freshwater environments (Gasca-Pérez et al., 2019; Karan

etal., 1998; Kawamura & Freyhof, 2008; Ozcan Oru¢ & Uner, 2002; Saucedo-Vence et al., 2015).

3.7. Biochemical Markers of Chemical Stress in Fish

3.7.1. Endocrine Disruption Biomarker

Vitellogenin (VTG) is a glycolipophosphoprotein synthesized by the liver of fish. It plays a key
role in the formation of the yolk in female fish. VTG serves as the precursor of yolk proteins, and
it provides essential nutrients to the eggs and helps the embryos develop. In sexually mature
females, VTG synthesis is naturally regulated by endogenous estrogens, particularly 17p-estradiol.
When estrogen levels in the fish are elevated, VTG production increases to meet the needs of egg

development (Emmersen et al., 1979).

Although the VTG gene is present in both male and female individuals, under normal
circumstances, the VTG gene is usually silenced in males. However, exposure to exogenous
estrogen compounds (e.g., natural estrogens: estrone, estradiol; Synthetic steroid: ethinylestradiol;
Industrial chemicals: bisphenol A, alkyl phenols, phthalates; and agrochemicals: pesticides,
polychlorinated biphenyls, heavy metals) can induce abnormal synthesis of VTG in males and
immature females. This phenomenon becomes a key marker of environmental hormone
interference, making VTG a useful biomarker for evaluating estrogen activity in environmental
pollution. At present, the application of VTG in fish is widely studied (Jackson et al., 1977;

Matozzo et al., 2008).

Municipal and industrial wastewater, agricultural runoff and animal husbandry waste are the main
sources of exogenous estrogens in aquatic ecosystems. These substances can exist in the water

environment for a long time and accumulate in organisms, interfering with the endocrine function
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of multiple populations. With the widespread existence of exogenous environmental endocrine
disruptors (EDCs), VTG monitoring has become an important method of environmental pollution

assessment. (Gagné & Blaise, 1998; Sumpter, 1995).

3.7.2. Neurological Biomarker

Acetylcholinesterase (AChE) is a key enzyme, mainly found in the nervous system, responsible
for breaking down the neurotransmitter acetylcholine (ACh). During neural signalling, ACh is
released at the synapses between neurons, transmitting signals. The function of AChE is to rapidly
hydrolyze ACh, terminate signal transmission, and ensure the normal function of the nervous

system (Pfeifer et al., 2005).

The activity of AChE is essential for the balance of the nervous system. Too high or too low AChE
activity will lead to neurological dysfunction. For example, certain toxins and chemicals (such as
organophosphorus and carbamate insecticides) cause ACh accumulation by inhibiting AChE
activity, causing overstimulation of the nervous system, and even a fatal outcome. Therefore,
determination of AChE activity is often used to assess the toxicity of these chemicals. In addition,
ACHhE activity has also been used as a biomarker of environmental pollution. Changes in AChE
activity in aquatic organisms (such as fish) can reflect the presence and influence of pollutants in

the environment (such as heavy metals and pesticides) (Galgani & Bocquene¢, 2000).

3.7.3. Antioxidant Enzymes

3.7.3.1. Catalase (CAT)

Oxidative stress is a common toxicity response that can cause tissue injury and threaten an
organism's health. In respiration, uncoupled high-energy electrons released by mitochondria and
chloroplasts are one of the main sources of intracellular reactive oxygen species (ROS). ROS
include superoxide anions, hydrogen peroxide, hydroxyl radicals and so on. These substances are
highly oxidizing and attack biological molecules such as proteins, lipids, and DNA. Many

xenobiotics may lead to more uncoupled electrons leaking from mitochondria, producing ROS,
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and further causing oxidative damage (Gagné, 2014). Antioxidants can delay or prevent oxidation

even at low concentrations (Godin et al., 2010).

CAT is an enzyme belonging to the antioxidant defence system and holds significant importance.
It serves a crucial function in protecting organisms against the harmful effects of ROS through
hydrolysis and mitigation. As a catalyst, CAT is responsible for breaking down hydrogen peroxide
(H20») into water (H20) and oxygen (O.), thereby preventing the accumulation of H,O», which is
a type of ROS. The ROS can harm cells because it can potentially cause oxidative damage to

genetic material, lipids, and other cell components (Gagne & Francois, 2014; Imlay, 2008).

Here is the chemical equation of how CAT breaks the hydrogen peroxide:

2 HO; — 2 H,O + O

3.7.3.2. Superoxide dismutase (SOD)

SOD is an antioxidant enzyme that is in both the mitochondria and cytoplasm of cells. These
enzymes are responsible for dismutating superoxide anions, converting them into hydrogen
peroxide. This step is crucial because superoxide anions are highly reactive and can cause damage
to cells if not neutralised. After the hydrogen peroxide is produced, CAT takes over and breaks it
down into water and oxygen, which are harmless to the cell (Deeth, 2021; Gagne & Francois,

2014a).

3.7.3.3. Glutathione reductase (GR)

GR is a flavoprotein that catalyses the reduction of oxidised glutathione (GSSG) to its reduced
form (GSH) using NADPH as a cofactor. This process is essential for regenerating GSH, which is
a critical molecule in cellular antioxidant defence. GR plays a key role in detoxifying peroxides
and neutralizing free radicals, particularly within mitochondria, where oxidative stress is often
high. By maintaining adequate levels of GSH, GR helps protect cells from oxidative damage and
supports the overall balance of the redox potential. Its function is vital for cellular health and for

defending against damage caused by reactive oxygen species (ROS). As a result, GR is considered
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one of the most important antioxidants in cells (Meister, 1988; Serracarbassa, 2019).

3.7.3.4. Glutathione peroxidase (GPx)

GPx is an enzyme composed of three amino acids—glutamic acid, cysteine, and glycine—forming
a tripeptide structure. It plays a crucial role in cellular defence by converting hydrogen peroxide
(H203), a harmful byproduct of metabolism, into harmless molecular oxygen and water. During
this process, glutathione (GSH) is oxidised into glutathione disulfide (GSSG). To maintain the
balance of reduced glutathione in the cell, GR then reduces GSSG back into GSH using NADPH
as a cofactor (Koju et al., 2019). This continuous cycle ensures that GPx can effectively prevent
oxidative damage to cells by neutralising reactive oxygen species (ROS) and protecting cellular

components from harm (Torzewski et al., 2007).

3.7.4. Markers of oxidative cell damage

3.7.4.1. Lactate dehydrogenase (LDH)

LDH is an important enzyme involved in anaerobic glycolysis, where it primarily catalyses the
redox reaction between lactic acid and pyruvate. The conversion process can be summarized as

follows (Alegre et al., 2015):

Pyruvate + NADH (reduced Nicotinamide Adenine Dinucleotide) + H < Lactate + NAD"

(oxidized Nicotinamide Adenine Dinucleotide)

LDH is found in the cytoplasm of cells and plays a key role in energy production, especially under
low-oxygen conditions. However, its activity changes significantly during oxidative stress. When
oxidative stress occurs, lipid peroxidation damages the cell membrane, compromising the integrity
of cells. As a result, LDH leaks from the cells into the surrounding environment, including the
bloodstream, leading to elevated extracellular LDH activity. This increase in LDH levels serves as
a marker of cellular damage caused by oxidative stress. Monitoring LDH levels is therefore a
useful indicator for assessing the extent of cell injury and the impact of oxidative stress on tissues

(Jovanovi¢ et al., 2010).
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3.7.4.2. Lipid peroxidation (LPO)

Lipids play a vital role in living organisms, serving as fundamental components of cell membranes
and acting as efficient energy storage molecules. Beyond these primary functions, lipids are also
involved in crucial biological processes such as cell signalling, insulation, and maintaining
structural integrity. However, they are highly susceptible to damage caused by high levels of free

radicals or reactive oxygen species (ROS) (Ayala et al., 2014).

Lipid peroxidation is a damaging process triggered by ROS, where lipid molecules undergo a chain
reaction of oxidation. This process leads to the formation of lipid peroxides, which contain
unstable oxygen-oxygen (O-O) bonds. The reaction typically starts with the attack of ROS on
polyunsaturated fatty acids, initiating a cascade of reactions that continuously oxidise lipid
molecules. Over time, this chain reaction generates various reactive intermediates that further
amplify oxidative stress and contribute to significant cellular damage. The disruption caused by
lipid peroxidation can impair membrane structure and function, leading to loss of cell viability and

overall tissue damage (Cai, 2005).

LPO level can be measured according to the TBARS assay, it is based on the reaction between
malondialdehyde (MDA), a pink by-product of lipid peroxidation resulting from the peroxidation
of polyunsaturated fatty acids, and thiobarbituric acid (TBA) under acidic conditions. The assay is
conducted under acidic conditions because an acidic environment is essential for the efficient
progression of the reaction and generation of a spectrophotometrically measurable coloured
complex (Wills, 1987). The heating process promotes the reaction so that malondialdehyde fully

reacts with thiobarbituric acid.

3.7.4.3. Acetylcholinesterase (AChE)

As a neurotransmitter-regulating enzyme, AChE plays a critical role in the nervous system. It
catalyses the hydrolysis of acetylcholine, a neurotransmitter, breaking it down into choline and
acetic acid. This process is essential for terminating nerve impulses at synapses and ensuring

proper communication between neurons. AChE is predominantly found in neuromuscular
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junctions and cholinergic synapses within the central nervous system. It is also present in red blood
cell membranes, where it performs similar regulatory functions. Because of its sensitivity to certain
chemicals, AChE measurement serves as an early biomarker for detecting the effects of
organophosphorus and carbamate compounds on the nervous system. These compounds, often
found in pesticides and industrial chemicals, can inhibit AChE activity, leading to an accumulation

of acetylcholine and potential disruption of normal nerve function (Lionetto et al., 2013).

3.7.4.4. DNA strand breaks (DNA sb)

DNA damage serves as an indicator of the impact of environmental stress and endogenous factors
on cells. For instance, ROS can harm critical cellular components and subsequently lead to DNA
damage. This type of damage is considered a reliable and accurate biomarker for assessing the
effects of various risks on organisms. Different mechanisms can induce DNA damage, and
oxidative stress is one of the primary causes. It can result in strand breaks, where the DNA double
helix is disrupted, compromising its integrity. These breaks not only reflect the extent of oxidative
stress but also highlight potential risks to cell function and survival, making DNA damage a

valuable tool for evaluating environmental and toxicological effects (Nikitaki et al., 2015).

3.7.5. Xenobiotic metabolizing enzymes

3.7.5.1.Ethoxyresorufin-o-deethylase (EROD)

EROD has been widely recognized as an environmental biomarker, particularly in fish, for
monitoring exposure to pollutants (Ducrotoy, 2024; Whyte et al., 2000). EROD is an enzyme
involved in both phase I and phase II biotransformation processes, where it plays a key role in
metabolizing exogenous substances such as polycyclic aromatic hydrocarbons (PAHs),
polychlorinated biphenyls (PCBs), and dioxins. EROD activity is regulated by the aryl
hydrocarbon receptor (AhR) and is part of the P450-dependent monooxygenase system,
specifically within the CYP1A enzyme family. Cytochrome P450 CYP1A is directly responsible
for catalysing EROD, making its activity closely linked to the functional status of CYPIA.
Changes in EROD activity provide a reliable measure of CYP1A induction and can reflect the
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organism's response to environmental toxicants. This makes EROD a valuable tool for assessing
the impact of chemical pollutants on aquatic ecosystems (Jonsson et al., 2006; Zamaratskaia &

Zlabek, 2009).

3.7.5.2. Glutathione s-transferase (GST)

Detoxification refers to the metabolic process wherein detoxification enzymes play a role in
eliminating exogenous toxic compounds such as carcinogens, pesticides, herbicides, oxidative
stress products, and pharmaceuticals. The detoxification process consists of two phases: phase I
and phase II. Toxic substances, in the form of metabolites after phase I, can be dissolved and
excreted by detoxification enzymes (such as glucuronosyltransferase and GST enzymes) in phase

IT (M. Silva & Da Gloria Carvalho, 2018).

GST is a homologous or heterodimer protein that plays a crucial role in phase II metabolization
with the participation of reduced glutathione (GSH). GST can defend the cell against potential
damage. Homologous GST can form dimers with itself. Heterodimeric GST can interact with
different proteins during detoxification. GST acts as a catalyst for the binding of GSH with various
toxic compounds. These compounds can be naturally present in the body or come from external
sources. In phase I, this catalytic binding forms highly soluble complexes that can be easily

eliminated (Dasari et al., 2018; M. Silva & Da Gloria Carvalho, 2018; Vernouillet et al., 2010).

Habig and his team used microplates to measure GST activity by following the conjugation process
of 1-chloro-2,4-dinitrobenzene (CDNB) in the presence of the co-substrate GSH, catalysed by
GST. The hydrolysis rate of CDNB is used to determine the activity of GST (Habig et al., 1974;

Summer & Wiebel, 1981).
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4. MATERIALS AND METHODS

4.1.Fish maintenance

We have used the fish housing systems in the Department of Environmental Toxicology at the
Hungarian University of Agriculture and Life Sciences (G6doll6, Hungary) for fish maintenance.
As for the common carp, the juveniles were kept in an individually designed recirculating system.
Each fish recirculating tank is 10 m® of water. The quality parameters of water were constantly
maintained, (22 £2 °C, pH 7.8 = 0.2, redox potential, 230 & 2 mV, the level of dissolved O, 6.8 &
1 mg/L) and the ratio of light and dark period was set to 14 h:10 h. The carp were fed 10 g/kg body
weight AquaGarant Aquastart (Aqua Garant, Pochlarn, Austria) pelleted feed (1.2—1.5 mm) twice

a day.

As for zebrafish, AB wildtype was selected as the exam type. As mentioned above, the fish-
maintained system (Tecniplast ZebTec (Buguggiate, Italy) recirculating zebrafish housing system)
was also in the Department of Environmental Toxicology. The water quality parameters were
recorded constantly too (25 + 0.5 °C; pH 7.0 + 0.2; conductivity 500 + 50 uS; alkalinity < MDL,
0 mM carbonate ion (COs*), 0.4 mM bicarbonate ion (HCOs?"); hardness < 0.5° German degrees
of hardness(dH); Dissolved Oxygen (DO) > 90%; system water). The ratio of light and dark time
was 14 h:10 h. The fish were fed twice a day with ZEBRAFEED (Sparos, 400—-600 pm) and two

times a week with brine shrimp (Ocean Nutrition > 230,000 NPG).

4.2. Experimental Design

The two fish experiments were performed roughly in the same way, with some minor differences.
In both assessments, fish were exposed for 28 days to test chemicals. The CBZ exposure
concentrations were identical (0, 1, 5, 50, or 100 pg/L). The lowest (1 pg/L) and highest (100 pg/L)
CBZ concentrations applied were based on the paper by da Silva Santos et al. (2018). Exposures

were run in triplicate (three tanks for every exposure concentration), and in all tanks, 15 fish were
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placed. After 7, 14, and 28 days five fish from every exposure tank (15 fish for every concentration)
was selected and sacrificed after being given an anaesthetic overdose (0.04% MS-222, also known
as tricaine methane sulphonate, obtained from Sigma-Aldrich, Darmstadt, Germany) and dissected
for brain, liver, muscle, and gonad tissues. The collected samples were placed in round-bottom

Eppendorf tubes and stored at —80 °C until biochemical measurements.

In tests with common carp, juvenile fish were used with randomly distributed males and females
(weight 7.37 £ 1.35 g). Each tank contained a 50 L test solution. During exposure, fish were fed a
10 g/kg body weight AquaGarant Aquastart (Aqua Garant, Pochlarn, Austria) pelleted feed (1.2—
1.5 mm) twice daily. The test media was completely renewed every three days, and the water
quality parameters were recorded as described in the “Fish Maintenance” section. To ensure
agreement between nominal and actual compound concentrations in the solution, water samples
were collected from the test aquaria at 1 hour and 36 hours after renewing the solutions. To ensure
the stability of the exposure concentrations described below, the water samples were analysed
during the experimental period by Liquid Chromatography with tandem mass spectrometry (LC—
MS/MS). The measured average concentration of CBZ in the water samples remained within +

20% of the planned nominal concentration throughout the experiment.

As for the 28-day exposure experiments of zebrafish, adult fish aged 9-12 months were randomly
assigned to 15 experimental tanks, each containing 3L of test solution (containing CBZ and P4,
respectively or merged in ratios presented in the Experimental Design section), and there were
three replicates per treatment, with 15 fish per replicate. Fish were fed once daily with a quantity
of ZEBRAFEED (Sparos, 400—-600 pm) corresponding to 2% of the fish weight in the aquarium.
Nominal concentrations of CBZ and P4 were set at 0, 1, 5, 50, and 100 pg/L, respectively. These
concentration ranges were carefully selected to align with recent studies investigating the
environmental and toxicological effects of these compounds (da Silva Santos et al., 2018).
Corresponding concentrations of P4 were derived from the study by Liang et al. (2015). These
studies helped guide the selection of a range of concentrations that include both levels commonly

found in the environment and higher levels to test stronger effects. Unlike previous studies, which
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often focused on the individual effects of CBZ or P4, our experiment was designed to assess their
joint effects. By evaluating the combined impact of CBZ and P4 across this concentration range,
the experiment aims to provide a more comprehensive understanding of their potential risks,
particularly in aquatic ecosystems where such mixtures are commonly found. To analyse the non-
linear response produced by the joint effect of CBZ and P4, the ECso value was calculated based
on VTG results. VTG was selected due to the expected effect of the test chemicals. Different
concentrations of the mixtures of CBZ and P4 were set based on their toxicity units (TU; 1 TU =
concentration of a compound in the mixture per the compound’s ECso), and mixtures were
established to result the sum of 1 TU (CBZ: P4 ratios were: 0.75 TU:0.25 TU (MIX1), 0.5 TU:0.5
TU (MIX2), and 0.25 TU:0.75 TU (MIX3)). The composition of the mixtures is presented in Table
1. As in the previous setting, 45 fish (3 replicates) were placed in each mixture solution (0, MIX1,
MIX2, MIX3). The toxic effect was expected to be 50% in all the mixtures. According to the paper
by Berenbaum (1985), the non-linear effects (synergistic or antagonistic) of the mixtures were
readily identifiable in this setup, moreover, the effect of different concentration ratios could be
observed. The test solutions were completely renewed every three days, and the water quality
parameters that were mentioned in the previous section were recorded constantly. Also, the water
samples were collected from the test solutions at 1 and 36 h, respectively, after renewing the test
medium. Water samples were analysed by the LC-MS/MS during the exposure period to identify
the nominal and actual test concentrations, and the water samples' mean concentrations of CBZ

and P4 consistently stayed within 20% of the intended concentrations.

Table 1. The preset TU ratio and the composition of mixtures applied in the experiment.

cBZ P4
STU
TU Mg/l TU ng/L
MIX1 0.75 11.5 0.25 4375 1
MIX2 0.5 575 05 875 1
MIX3 0.25 2875 0.75 17.5 1

From each test solution replicate, 5 zebrafish were sacrificed, and the brain, liver, gonad and
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intestine of each fish were carefully dissected and collected. These tissues were then placed in

microtubes and immediately stored at —80 °C to preserve them for later biochemical analyses.

4.3. Biomarker Determinations

Prior biochemical assessments of the different tissues collected from both species were
homogenised using a small bead mill (TissueLyser LT, Qiagen, Germantown, MD, USA).
Correspondent enzymatic activities were evaluated in triplicate (technical replicate) with a Thermo
Varioskan™ LUX multimode microplate reader at 25 °C (Thermo Fisher Scientific, Waltham, MA,
USA). The intestines of fish and approximately the half of the liver tissues were homogenized in
a general buffer consisting of 25 mM Hepes-NaOH, 130 mM NaCl, | mM EDTA, 1 mM
dithiothreitol, with a pH of 7.4, at a weight-to-volume ratio of 1:5. Then those subsamples of the
homogenates were frozen at -80 °C for analyses of LPO, DNAsb, EROD, and VTG (intestines) .
After, the remaining liver tissues were homogenised in 100 mM phosphate buffer with a pH of 7.4,
which contains 100 mM KCI, 1 mM EDTA, dithiothreitol (DTT), 0.5 M sucrose, and 40 pg/mL
aprotinin. Then, they were centrifuged at 12,000% g for 30 minutes at 4 °C. The supernatants
(Supernatant after 12,000xg centrifugation(S12)) of the homogenate were collected and aliquots
were stored at -80 °C for further analyses of GR, GPx, GST, CAT, LDH, and SOD. As for the brain
tissues, they were homogenised in 0.1 M phosphate buffer (pH = 7.2) and the weight-to-volume
ratio was 1:10. Subsequently, they were centrifuged at 6000% g for 3 minutes at 4 °C. According
to the Bradford method (Bradford, 1976), the protein concentration of the samples was determined
in triplicate with bovine serum albumin as a standard by the microplate reader. The absorbance of

the samples was recorded at 595 nm after an incubation period of 15 min.

According to the thiobarbituric acid reactive substance (TBARS) assay method described by Wills
(1987), the LPO process can be a measure of the amount of malonaldehyde (MDA) produced
through lipid oxidation in tissue homogenates. The procedure began with the collection of 150 uLL
of raw tissue homogenate, which was then mixed with 300 pL of a reagent containing 10%

trichloroacetic acid and 1 mM FeSOs, along with 150 pL of 0.67% thiobarbituric acid. The mixture
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was then heated to 80°C for 10 minutes to allow the reaction to occur. Following the reaction, the
produced sediment was then separated by centrifugation (10,000 xg centrifugation for 10 seconds).
The resulting supernatant, which contained the reaction products, was then collected and used for
subsequent measurements to evaluate LPO levels by measuring fluorescence of the samples in
black microplates at excitation: 516 nm; emission: 600 nm. Results were expressed as pmoles of

thiobarbituric acid reactants (TBARS) per milligramme of homogenate protein.

AChE activity was determined based on the method of Ellman et al. (1961). The 96-well clear
microplates were filled with three replicates of 50 uL. of homogenate supernatant for each sample,
and 250 pL of the reaction solution was added to each well of the plate. The reaction solution
consisted of 0.075 M acetylthiocholine iodide and 10 mM 5,5 dithio-bis (2-nitrobenzoic acid) as
a colour agent in phosphate bufter (0.1 M, pH =7.2). In the blank controls, the sample was replaced
with phosphate buffer. Meanwhile, electric eel acetylcholinesterase was used as a positive control.
The absorbance was measured at 414 nm every minute for 15 minutes total. The enzyme activity
was calculated according to the slope of the absorbance curve, and the result was expressed in
units (U) corresponding to the protein content per milligram. 1 unit (U) was 1 pmol substrate

hydrolysed per minute.

LDH activity was measured according to the methodology described by Vassault (1983), and
adapted to the microplate by Diamantino et al. (2001). A 96-well microplate was filled with 25 pl
samples, 125 pL of reduced nicotinamide adenine dinucleotide solution (NADH) with a
concentration of 300 uM, and 20 puL of pyruvate solution with a concentration of 4.5 uM were
successively added to the microwells. The readings were then taken at a wavelength of 340 nm.
The data were read every 40 seconds over 5 minutes to observe the decrease of absorbance due to
oxidation of NADH. LDH activity was expressed in unit (U) per mg of protein. One unit (U) was
defined as 1 uM of NADPH hydrolysed per minute. The activity of LDH can be calculated by

recording the absorbance changes.

To quantify the DNAsb, the alkaline precipitation assay from Olive (1988) was used in this
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experiment. Firstly, 25 puL raw tissue homogenates were mixed with 200 puL of a specific reaction
solution. The reaction solution contained 2% sodium dodecyl sulfate (SDS), 10 mM
ethylenediamine tetraacetic acid (EDTA), 10 mM Trimethylol aminomethane base (Tris-base), and
40 mM NaOH. Then the mixed solution was shaken well for 1 minute. Then 200 pL of 0.12 M
KCl solution was added, heated at 60 °C for 10 minutes, and reversed mixed at 4 °C for 30 minutes
cooling down. Subsequent, the mixture was centrifuged at 4 °C at a centrifugal force of 8000xg
for 5 minutes. Then 50 uL was added from the centrifuged supernatant to 150 puL of Hoechst dye
(1 ng mL™!, in buffer containing 0.4 M NaCl, 4 mM sodium cholate and 0.1 M Tris-acetate, pH
8.5-9). Mixed them well on a flat shaker for 5 minutes to fully combine the dye with the
ingredients in the supernatant. Fluorescence intensity was measured using 360 nm excitation / 450
nm emission wavelengths. The sample blanks contained the same constituents as the above
experimental steps, but the tissue homogenate was replaced with 25 pL Hepes buffer. DNA
calibration was performed using the salmon sperm DNA standard. The result was expressed as pug

DNA sb mg! protein (the number of pug of DNA strand breaks per mg of protein).

To determine the level of VTG, the alkali-labile phosphate (ALP) method developed by Blaise et
al. (1999) was applied. First, 200 puL of the sample homogenate was mixed with 54 pL of acetone,
which gives a final acetone concentration of 35%. After mixing for 10 minutes, the samples were
centrifuged at 10000xg for 5 minutes. After centrifugation, the remaining precipitated particles
were dissolved in 50 uL of 1M NaOH and mixed at 60°C for 30 minutes. Then, total phosphate
was determined by the colorimetric phosphate-molybdenum method developed by Stanton (1968).
The steps were to add 125 pL of H2O, 5 pL of 100% trichloroacetic acid (TCA), 25 pL of
molybdate reactive and 25 pL of 1% ascorbate to the 20 pL sample, mixing for 10 minutes, and
reading the absorbance at 815nm and 444nm. In the experiment, the rainbow trout VTG was used
for calibration, and 1M NaOH equal samples were used as blank controls. Ultimately, VTG levels

were expressed as umoles of ALP per mg of protein.

The measurement of CAT activity was performed in triplicate based on Aebi's method (Aebi, 1984).

50 mM H,0s (¢ = —0.0436 mM ! cm™") solution was added to 50 mM phosphate buffer (pH 7.8).
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To this solution, 10 pL of tissue supernatant (S12) was added. Then, the absorbance change of the
solution was recorded continuously at 240 nm every 10 seconds for a duration of 1 minute. The
results were expressed as U/mg protein. One unit of CAT was defined as the amount of CAT

capable of catalysing the breakdown of 1 mmol of H>O> in one minute.

The total SOD activity was measured according to the xanthine oxidase/cytochrome ¢ method
proposed by Crapo et al. (1978). The reaction of xanthine oxidase with hypoxanthine produced
superoxide anions. The superoxide anions can react with cytochrome c, reducing cytochrome c
and this reduction reaction can be measured by recording the absorbance change at a wavelength
of 550nm. While the main function of SOD is to catalyze the disproportionation of superoxide
anions and convert them into H-O: and O.. therefore, the degree of reaction between superoxide
anions and cytochrome ¢ was influenced by SOD. The reaction mixture contained 46.5 mM
KH>PO4/K;HPO4 (pH = 8.6), 0.1 mM EDTA, 195 mM hypoxanthine, 16 mM cytochrome c, and
2.5 mU xanthine oxidase. Then, the enzyme activity of SOD was calculated by measuring the

slope of the recorded absorbance curve.

GR activity was measured according to Carlberg & Mannervik (1975a). In the reaction system,
the relevant reaction of GR can lead to the consumption of NADPH, meanwhile, NADPH can be
recorded at 340 nm wavelength. Therefore, GR activity can be measured by monitoring the
reduction of NADPH (reduced nicotinamide adenine dinucleotide phosphate) at 340 nm for 1
minute. So, the decrease in absorbance means a decrease in NADPH, and the GR activity can be
inferred. The reaction medium contained 100 mM phosphate buffer (pH = 7.4), 0.1 mM NADPH
and 30 pL of the prepared supernatant (S12). GR activity was expressed as U per mg of protein

(one U corresponding to 1 pM NADPH hydrolysed/min).

GPx activity was measured according to the method proposed by Paglia & Valentine (1967),
modified by Lawrence and Burk (Lawrence & Burk, 1976), and further adapted for 96-well
microplates (Faria et al., 2009). The reaction mixture contained 30uL sample (S12), 100 mM

phosphate buffer (pH 7.5), 2 mM GSH, 2 U glutathione reductase, 0.12 mM NADPH, sodium
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azide (0.5 mM), 0.2 mM H>O> (for Selenium dependent GPx activity) or 3 mM cumene
hydroperoxide (CHP) (for total GPX activity). GPx activity was measured by monitoring the
decrease in NADPH concentration at 340nm wavelength. During a reaction involving GPx,
reduced glutathione (GSH) was oxidised to oxidised glutathione (GSSG), using H2O> (Se-
dependent activity), or cumene hydroperoxide (total GPX) as substrate. GPx activity was

expressed as U per mg of protein. (a U corresponding to 1 pM NADPH hydrolysed/min).

The GST activity was measured using the method proposed by Habig et al. (1974) and adapted for
use in the microplate. A 100 M glutathione (GSH) solution in phosphate buffer (pH = 6.5) was
prepared. At the same time, a solution of 60 mM 1-chloro-2,4-dinitrobenzene (CDNB, ¢ = 9.6
mM-—1 cm—1) in ethanol was prepared just before the assay. The reaction mixture consisted of
phosphate buffer, GSH solution, and CDNB solution in a ratio of 4.95 mL (phosphate buffer):0.9
mL (GSH):0.15 mL (CDNB). Then, in the microplate, 0.2 mL of the reaction mixture was added
to 0.1 mL of the sample (S12), which contained GST. Following, GST activity was immediately
detected at a wavelength of 340 nm at intervals of 20 seconds for 5 minutes. GST from the equine
liver was used as a positive control. During the reaction process, the absorbance of the reaction
mixture at 340 nm changed, followed by the substrate produced by GSH and CDNB. The enzyme
activity of GST was calculated by the slope of the absorbance curve because the slope of the
absorbance curve reflects the reaction rate. The result was expressed in units (U) per mg of protein
content, where 1 unit (U) is defined as the amount of enzyme that can hydrolyse 1pmol of substrate

per minute.

EROD activity was determined according to the method described by Burke & Mayer (1974). First,
the subsamples of tissue homogenates were centrifuged at 12,000x g at 4°C for 30 min to separate
the components. 50 pul of the resulting supernatant was incubated in a reaction mixture of 150 pl
at 30°C for 60 minutes. This reaction mixture contained 100 mM phosphate buffer (pH =7.4), 100
uM reduced NADPH, and 10 uM 7-ethoxyresorufin. The reaction was initiated by the addition of
NADPH, and when the reaction had been going on for 60 min, the reaction was terminated by

adding 100 pL of 0.5 M NaOH. The product, 7-hydroxyresorufin, was detected using fluorometry
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at an excitation wavelength of 520 nm and an emission wavelength of 590 nm. Calibration was
performed with serial dilutions of 7-hydroxyresorufin. In the end, the results were expressed in

picomoles (pM) of 7-hydroxyresorufin produced per mg of protein per minute.

4.4. Statistical Analysis

The software package OriginPro, version 2019 (OriginLab Corporation, Northampton, MA, USA)
was used to do all the statistical data analysis. A two-way analysis of variance (ANOVA) was
performed to assess the interactive effects of different CBZ concentrations and exposure duration
on biochemical markers with exposure time (7, 14, and 28 days) and treatment (control, 1, 5, 50,
and 100 pg/L) as categorical factors. The interactions between time and treatment were defined as
categorical predictor factors, and the measured biomarkers were considered dependent variables.
After the interaction between the time and treatment was determined, a one-way ANOVA was
conducted to examine the effects of one main factor at a specific level of another main factor. To
clarify the significant difference under a certain factor, a post-hoc Tukey test was used for multiple
comparisons, and the significance level was set at p < 0.05. Before statistical analyses, all the raw
data were diagnosed for normality of distribution and homogeneity of variance with the

Kolmogorov-Smirnov test and Levene’s test, respectively.
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5. RESULTS

5.1. Biochemical alterations elicited by chronic CBZ exposure in Common carp

5.1.1. Endocrine Disruption Biomarker (VTG)

VTG levels increased in a concentration-dependent manner after the first 7 exposure days. There

were significant (p < 0.05)

increases in VTG levels at 50 and 100 pg/L after 7 days of exposure.

After 14 days of exposure, the VTG level decreased and returned to a similar level as in the control

fish, while no significant exposure dose dependency was observed. After 28 days of exposure,

there were slight increases

in VTG levels at 1 and 5 pg/L, followed by a decrease at 50 and 100

ng/L, but no significant (p < 0.05) differences were observed compared to the control group

(Figure 4).
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Figure 4: Changes in the VTG levels in the gonads of Cyprinus carpio exposed to CBZ for 7, 14, and 28 d. Data are

expressed as mean + standard deviation of three replicates (n = 3). Different letters designate significant differences

at p <0.05 after a two-way ANOVA followed by Tukey’s post-hoc test.
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5.1.2. Neurological Biomarker (AChE)

Compared with the control group, exposure to CBZ induced clear time-dependent changes in
AChE activity in common carp. After seven days of exposure, AChE activity significantly
decreased (p <0.05) at 100 ng/L CBZ. (Figure 5). In contrast, AChE activity increased as the CBZ
concentration increased after 14- and 28-day exposures. This increasing trend in AChE activity

after the 14 days was statistically (p < 0.05) confirmed to be time-dependent and not concentration-

dependent.
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Figure 5: Changes in AChE activity in the brain of Cyprinus carpio exposed to CBZ for 7, 14, and 28 d. Data are
expressed as mean + standard deviation of three replicates (n = 3). Different letters designate significant differences

at p <0.05 after a two-way ANOVA followed by Tukey’s post-hoc test

5.1.3. Damage Markers (DNAsb, LDH, LPO)

The DNAsb measured in liver samples in the first two weeks (7- and 14-day exposure) was slightly
decreased compared to the control, a significant (p < 0.05) difference was only found at the

concentration of 1 pg/L. By the end of 28 days of exposure, the DNAsb levels showed an
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increasing trend with diminishing differences. However, there was a significant (p <0.05) decrease
at the concentration of 5 pg/L. Statistically, the level of DNAsb did not reveal any in time- or

concentration-dependent patterns (Figure 6A).

LDH activity in the CBZ-exposed fish showed a significant (p < 0.05) decrease at 1 pg/L compared
with the activity measured in the control group after 7 days of exposure. On the other hand, no
significant differences were detected at the other concentrations (5, 50, and 100 pg/L) after 7 days
of exposure to CBZ. After 14 days of exposure to CBZ, there were no notable changes of LDH
activities at all test concentrations compared with the one measured in the control. Although there
was an increasing trend of LDH activity after 28 days at every concentration except 100 pg/L, the

changes were not statistically significant (Figure 6B).

The level of TBARS, representing the level of LPO, did not significantly change as compared to
the controls up to the 28th day of exposure. A sharp increase was measured at 100 pg/L after 28
days with a significant difference (p < 0.05). Although a concentration-dependent pattern was
visible for the groups measured after the 28-day exposure, statistically significant differences when
compared to controls were only confirmed in the highest exposure concentration (100 pg/L. CBZ)

(Figure 6C).
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Figure 6: Changes in the DNA strand breaks (A), LDH activity (B), and level of lipid peroxidation (C) in the liver
of Cyprinus carpio exposed to CBZ for 7, 14, and 28 d. Data are expressed as mean =+ standard deviation of three
replicates (n = 3). The same letters designate no significant differences at p < 0.05 after a two-way ANOVA followed

by Tukey’s post-hoc test.

5.1.4. Antioxidant Defence (CAT, SOD, GR)

The CAT activity slightly increased at 50 pg/L and sharply increased at 100 pg/L after 7 days of
CBZ exposure, both with significant differences (p < 0.05). After 14 days, the CAT activity
increased with the increasing concentration, while statistically significant differences only
appeared in the 50 pg/L and 100 pg/L CBZ concentrations. After 28 days, a significant increase in
CAT activity was measured at all CBZ exposure concentrations (1, 5, and 100 pg/L). According

to the whole trends, CAT activity changes followed a time- and concentration-dependent pattern
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during the 28-day CBZ exposure (Figure 7).
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Figure 7: Changes in the CAT activity in the liver of Cyprinus carpio exposed to CBZ for 7, 14, and 28 d. Data are
expressed as mean + standard deviation of three replicates (n = 3). The same letters designate no significant

differences at p < 0.05 after a two-way ANOVA followed by Tukey’s post-hoc test.

Significant alterations in SOD activity were detected in carp following 7 days of exposure to 5, 50,
and 100 pg/L CBZ (p <0.05), manifested in a concentration-dependent increase. At 100 ng/L CBZ
concentration exposure, SOD activity was significantly lower compared to the values measured at
5 and 50 pg/L CBZ concentration exposure, but still significantly higher than control values. After
14- and 28-day exposure in all groups treated with CBZ, decreases in SOD activity were detected

as compared to control values, but those decreases were not significant (p < 0.05) (Figure 8).
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Figure 8: Changes in the SOD activity in the liver of Cyprinus carpio exposed to CBZ for 7, 14, and 28 d. Data are

expressed as mean + standard deviation of three replicates (n = 3). Different letters designate significant differences

at p < 0.05 after a two-way ANOVA followed by Tukey’s post-hoc test.

The GR activity changes exhibited a very similar response pattern to SOD activity. After 7 days, a

significant (p < 0.05) and concentration-dependent increase was detected at 5 and 50 pg/L CBZ

exposure. However, the GR activity at 100 pg/L was significantly lower compared to 5 and 50

ug/L CBZ concentration exposure, but higher than control values. However, the GR activity

dropped to a level similar to that of the control group and remained depressed throughout the 14

and 28 days of exposure at all the CBZ concentrations applied, but the decrease in GR activity

remained insignificant compared to the control levels (Figure 9).
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Figure 9: Changes in the GR activity in the liver of Cyprinus carpio subjected to CBZ for 7, 14, and 28 d. Data are
expressed as mean + standard deviation of three replicates (n = 3). Different letters designate significant differences

at p <0.05 after a two-way ANOVA followed by Tukey’s post-hoc test.

5.1.5. Biotransformation Enzymes (EROD, GST)

After 7 days of exposure to CBZ, the hepatic EROD significantly increased as a function of
exposure concentration (Fig. 10A). Following a slight, insignificant decrease at 1 pg/L exposure
compared with the control group, EROD activity significantly increased along the tested
concentrations, peaking at a concentration of 100 pg/L CBZ (p < 0.05). After 14 days, no
significant differences in EROD activity were detected as compared to the control fish irrespective
of CBZ. Then, after 28 days of CBZ exposure, a significant (p < 0.05) dose-dependent increase in
EROD activity was measured in up to 50 pg/L. CBZ exposure. EROD activity levels measured
after 28 days of exposure to 100 pg/L CBZ appeared lower than those recorded in fish treated with

50 pg/L CBZ; however, this difference was not statistically significant (p < 0.05) (Figure 10A).

A slight increase in GST activity, as a function of exposure concentration, was apparent during the
28-day CBZ exposure; however, there was only one significant elevation in GST activity detected

at the concentration of 100 pg/L after 28 days of exposure. (Figure 10B)
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Figure 10: Effect of CBZ on the level of hepatic EROD (A), and hepatic GST (B) in the liver of Cyprinus carpio.
Data are means + S.D., n = 3. Columns sharing the same superscript letter indicate no significant differences after a

two-way ANOVA followed by Tukey’s post-hoc test (p > 0.05).

5.2. Biochemical alterations elicited by chronic CBZ, P4 and their exposure in Zebrafish

During the experimental assay, no zebrafish died, and no visible sublethal effects were detected

(control, CBZ-, P4-, or mixture-exposed) at any of the tested conditions.

5.2.1. Endocrine Disruption Biomarker (VTG)

The results of VTG levels after exposure to the CBZ, P4, and their binary mixtures were displayed
in Figures 11A, 11B, and 11C, respectively. Regarding the results of exposure to CBZ, VTG levels
increased following a concentration-dependent pattern after 7 and 14 days; however, significant
(p < 0.05) differences in VTG content in the samples were detected only in fish exposed to 100
ug/L of CBZ, both for 7- and 14-day exposure. After 28 days, VTG levels decreased in a
concentration-dependent manner, but this decrease was not statistically significant (p < 0.05) at
any exposure concentration (Figure 11A). Exposure to P4 caused a decreasing trend of VTG level
for each test concentration compared with the control after 7 days, while no significant differences

were shown. After 14 days, P4 also caused a decrease in the VTG content after exposure to all
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applied concentrations (1, 5, 50, 100 ng/L) with no significant differences. After 28 days, all the
applied concentrations caused a moderate decrease in the VTG levels, with statistically significant
(p <0.05) differences only observed at 50 and 100 ng/L of P4 (Figure 11B). Exposure to the binary
mixtures did not significantly (p < 0.05) affect VTG levels after 7 days of exposure to MIX1,
MIX2, or MIX3. However, after 14 days, the three mixtures caused a non-significant drop in VTG
levels, and VTG concentrations decreased with growing proportions of P4 in mixtures compared
to control group levels. After 28 days, in contrast, VTG levels followed an increasing pattern with
the growing proportion of P4 and reached a significant (p < 0.05) increase in the case of MIX2

and MIX3 (Figure 11C).
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Figure 11: Changes in VTG content in the gonads of Danio rerio exposed to (A) CBZ, (B) P4, and (C) binary
mixtures of CBZ and P4 for 7, 14, and 28 days. Data are expressed as mean =+ standard deviation of fifteen replicates
(n=15). Different letters indicate significant differences at p < 0.05 after a two-way ANOVA followed by Tukey’s

post hoc test.
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5.2.2. Neurological Biomarker (AChE)

The results of AChE activities measured in the brain tissues of zebrafish after exposure to the CBZ,
P4, and their binary mixtures in different proportions are displayed in Figure 12, from A to C,
respectively. After 7 days of exposure, there was a slight increase until 5 ng/L CBZ, then decreased
from 50 to 100 ng/L, but these alterations were statistically not significant. Similarly, after 14- and
28- days of exposure, an apparent increase occurred until 5 ng/L. CBZ, followed by a drop to the
100 ng/L dose. Statistically significant differences were only detected at the concentrations of 1
and 5 pg/L after 28 days of CBZ exposure (Figure 12A). After 7 days, concentrations of 50 and
100 ng/L PROG induced increases in AChE activity (Fig. 12 B). After 14 days of exposure, a
slight statistically significant elevation was recorded at 100 ng/L P4. After 28 days, a
concentration-dependent increase in AChE activity was evidenced, with statistical significance (p
< 0.05) found only at the concentration of 100 ng/L. P4 compared with the activity values measured
in control groups (Figure 12B). In exposures to mixtures, a significant (p < 0.05) drop was
observable in the case of MIX1 after 7 days of exposure, while MIX2 and MIX3 did not cause any
significant change in AChE activity compared to control group values. After 14 and 28 days of
exposure, although there were some slight decreases and increases in AChE activities of treated

fish, no significant difference was found in AChE activity compared to control fish (Figure 12C).
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Figure 12: Changes in AChE activity in the brain of Danio rerio exposed to (A) CBZ, (B) P4, and (C) binary
mixtures of CBZ and P4 for 7, 14, and 28 days. Data are expressed as mean + standard deviation of fifteen replicates
(n=15). Different letters indicate significant differences at p < 0.05 after a two-way ANOVA followed by Tukey’s

post hoc test.

5.2.3. Damage Markers (DNAsb, LPO, LDH)

After one week, DNAsb values increased at 1, 5, and 50 ug/L of CBZ exposure, with a significant
(p < 0.05) increase at 50 pg/L. Then, the value decreased significantly, even below the control
level at 100 ng/L (p <0.05) (Fig. 13A). Compared with the control groups, 14 days of exposure to
CBZ caused significantly (p < 0.05) increased DNAsb values at concentrations of 1, 5, and 50
ug/L of CBZ, with the highest levels appearing at 5 pg/L of CBZ; while a sharp and statistically
significant drop was shown at 100 pg/L of CBZ (p < 0.05). After 28 days of exposure to CBZ,
elevated DNAsbD levels were significant (p < 0.05) only at 1 pg/L, while in contrast, a significant
(p <0.05) decrease was observed at 5, 50, and 100 pg/L, respectively, compared with the control
(Figure 13A). Exposure to P4 caused a significant elevation of DNAsb after one week at the
concentrations tested. The highest DNAsb values were measured in 5 ng/L of P4-exposed fish.
After 14 days, there was a significant increase only detected at the concentration of 100 ng/L

compared with the control. Following 28 days of exposure to P4, none of the tested concentrations
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caused any statistically significant changes in DNAsb concentrations (Figure 13B). For the binary
mixtures, after 7 days, only MIX3 significantly (p < 0.05) decreased DNAsb values as compared
to controls (Fig. 13C). After 14 days, although there were slight increases in DNAsb of fish
exposed to MIX2 and MIX3, no statistical differences were recorded. After 28 days of exposure,

MIX2 and MIX3 significantly (p < 0.05) increased the level of DNAsb in fish (Figure 13C).
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Figure 13: Changes in DNAsb concentration in the liver of Danio rerio exposed to (A) CBZ, (B) P4, and (C) binary
mixtures of CBZ and P4 for 7, 14, and 28 days. Data are expressed as mean + standard deviation of fifteen replicates

(n = 15). Different letters show differences at p < 0.05 after a two-way ANOVA followed by Tukey’s post hoc test.

As for the results of LPO after 7 days of exposure, although the LPO levels measured at all applied
concentrations were higher than the value measured in the control group, no significant differences
were detected. However, the LPO value at 100 ng/L was significantly (p < 0.05) lower than that

at 50 ng/L. After 14 days, CBZ significantly (p < 0.05) decreased the LPO content of the samples
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at a concentration of 100 pg/L of CBZ compared to control samples. There were no other
significant changes during the exposure time of four weeks, while a decreasing tendency was
observable in LPO values after two and four weeks of CBZ exposure (Figure 14A). Concerning
the P4, the LPO values at 1, 5, and 50 ng/L were higher than those measured in the control, while
there were no statistical differences. Similarly, after 14 days of exposure, 1, 5, and 50 ng/L of P4
increased the LPO content with no significant difference. Compared to control values, P4
significantly (p < 0.05) increased the LPO content in samples exposed to 5, 50, and 100 ng/L
concentrations for four weeks (Figure 14B). According to the results, binary mixtures did not

significantly induce LPO changes in zebrafish during the four-week exposure time (Figure 14C).
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Figure 14: Changes in LPO concentration in the liver of Danio rerio exposed to (A) CBZ, (B) P4, and (C) binary
mixtures of CBZ and P4 for 7, 14, and 28 days. Data are expressed as mean + standard deviation of fifteen replicates
(n=15). Different letters show significant differences at p < 0.05 after a two-way ANOVA followed by Tukey’s post

hoc test.
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During the four weeks of exposure to CBZ, the LDH level measured only decreased at 1 ng/L
compared with the control after 28 days (Figure 15A). P4 significantly (p < 0.05) increased LDH
activity in samples after one week of exposure to 50 and 100 ng/L (with a sharp elevation), and
after two weeks in 100 ng/L P4 treatments (with a sharp increase). There were no significant
changes found after 28 days of exposure to P4 (Figure 15B). For the mixtures, MIX1, MIX2, and
MIX3, the LDH activity significantly increased after one week (Fig. 15C). After two weeks of
exposure to MIX1 and MIX3, the LDH levels were slightly increased with statistical significance
(p < 0.05). After 28 days, only MIX3 caused a moderate but statistically significant increase
(Figure 15C).
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Figure 15: Changes in LDH activity in the liver of Danio rerio exposed to (A) CBZ, (B) P4, and (C) binary
mixtures of CBZ and P4 for 7, 14, and 28 days. Data are expressed as mean + standard deviation of fifteen replicates
(n = 15). Different letters indicate significant differences at p < 0.05 after a two-way ANOVA followed by Tukey’s

post hoc test.
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5.2.4. Antioxidant Defence (CAT, GPx, GR, SOD)

During the first two weeks of treatment with CBZ (7 days and 14 days), the change in CAT activity
at each concentration (1, 5, 50, 100 ug/L) was relatively small and did not show significant changes
with the increasing concentration (Fig. 16A). A significant (p < 0.05) decrease was only observed
at the 1 ug/L CBZ concentration after 14 days. By the fourth week, however, an increase in CAT
activity began to appear concentration-dependent, and was observed in the 1, 5, and 50 ug/L CBZ
exposure groups with significant differences (p < 0.05). However, the highest concentration of 100
ng/L of CBZ didn’t induce any significant alteration in CAT activity as compared to the levels
measured in the control group (Figure 16A). P4 significantly (p < 0.05) increased CAT activity
after exposure to 100 ng/L of P4 in the first 7 days, as compared to the control groups. There were
no significant differences in CAT activity detected in all the tested groups as compared to the levels
measured in the control group after 14 days. After 28 days of exposure, the CAT activity was
statistically increased at 1 and 100 ng/L; however, no time- or concentration-dependent pattern
was detected (Figure 16B). In the binary mixtures of CBZ and P4, only MIX3 induced a significant
increase in CAT activity after 14 days of exposure (Figure 16C).
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Figure 16: Changes in CAT activity in the liver of Danio rerio exposed to (A) CBZ, (B) P4, and (C) binary mixtures
of CBZ and P4 for 7, 14, and 28 days. Data are expressed as mean + standard deviation of fifteen replicates (n = 15).
Different letters indicate significant differences at p < 0.05 after a two-way ANOVA followed by Tukey’s post hoc

test.

The results of selenium-dependent GP (GPxSe) activities and the total GP (GPxTOT) activities
are displayed in the figure below (Figure 17). According to Figure 17A, the GPxSe increases
followed a concentration-dependent pattern after 7 days of exposure to CBZ, with significant (p <
0.05) elevations at 50, 100 pg/L CBZ concentrations. After 14 and 28 days of exposure to CBZ,
all applied concentrations caused strong decreases in a time- and concentration-dependent manner
on GPxSe activity, with significant decreases (p < 0.05) at all exposure concentrations. As for the
GPxTOT, CBZ did not affect its activity after seven days of exposure. While after 14 days of
exposure, GPxTOT increased in a concentration-dependent manner, growing significantly (p <
0.05) within the concentration range of 5-100 ng/L. CBZ. After 28 days of exposure, 5 and 50 pg/L
of CBZ exposure significantly (p < 0.05) elevated the activity of GPxTOT, then, the GPxTOT
value dropped sharply with a significant difference from the value measured at 50 pg/L, but not

different from the control (p < 0.05) (Figure 17A).

Concerning the exposure to P4, GPxSe was increased in a time- and concentration-dependent

manner at all applied concentrations and time points except the lowest treatment of 1 pg/L. After
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the first week of P4 exposure, GPxSe increased significantly (p < 0.05) at 50 and 100 ng/L. After
14 days of exposure, the increase reached a significant (p < 0.05) level at exposure concentrations
of 1, 5, 50, and 100 ng/L of P4, and reached the highest point at 5 ng/L of P4, then the activity
decreased slightly at 50 and 100 ng/L P4 concentrations. A similar pattern was observed after 28
exposure days. GPxSe activity peaked at 50 ng/L of P4, then slightly reduced at the 100 ng/L

exposure concentration. (Figure 17B).

For the mixtures, there were no observed changes during the first two weeks; only MIX3 induced
a significant (p < 0.05) difference in the GPxSe activity compared with the control after 28 days
of exposure (Figure 17C). As for the results of GPXxTOT, there were no changes in the GPxTOT
activity after the first week. The activity showed an increasing trend with the increase of CBZ
concentration after 14 days. A significant difference (p < 0.05) was confirmed at 50 and 100 ng/L
CBZ concentrations, and peaked at the highest value at 100 ng/L. Similarly, the activity increased
with the increasing concentration of CBZ except at 100 ng/L after 28 days, with significant (p <
0.05) changes at 5, 50 ng/L. However, the activity measured at 100 ng/L was significantly (p <
0.05) lower than that measured at 50 ng/L (Figure 17D). GPXxTOT activity showed an initial
increase in activity, peaking at 50 ng/L of P4 after one week of exposure, followed by a slight
decrease at 100 ng/L. Significant differences (p < 0.05) were only confirmed at 5 and 50 ng/L P4
concentrations. Similarly, the GPxTOT activity after 14 days of P4 exposure increased initially
and peaked at 5 ng/L of P4, then was followed by a slight reduction at 50 and 100 ng/L; a statistical
significance (p < 0.05) was confirmed in the 5 ng/L P4 concentration only. After 28 days of
exposure, there were no changes in the GPxTOT activity until a minor decrease at 100 ng/L, with
no statistical significance (Figure 17E). Binary mixtures caused significant (p < 0.05) changes in
GPxTOT activity in MIX3 after one week of exposure (decrease), and after four weeks of exposure

(increase) (Figure 17F).
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Figure 17: Changes of biotransformation enzymes’ activity—GPxSe (A—C) and GPXTOT (D-F) in the liver of
Danio rerio exposed to (A, D) CBZ, (B, E) P4, and (C, F) binary mixtures of CBZ and P4 for 7, 14, and 28 days.
Data are expressed as mean =+ standard deviation of fifteen replicates (n = 15). Different letters indicate significant

differences at p < 0.05 after a two-way ANOVA followed by Tukey’s post hoc test.

Figure 18 shows the results of GR activities of zebrafish upon treatments. After 7 days of exposure
to CBZ, the GR activity elevated significantly (p < 0.05) at the concentrations of 1, 5, and 50 pg/L,
and the value increased with the increasing concentration. However, the activity decreased at 100

pug/L CBZ concentration with no significant difference compared to the control group activity
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values. For the longer exposure time of 14 and 28 days, there was no significant change in GR
activity detected in any treatment condition with CBZ (Figure 18A). Concerning P4, after the first
week, P4 induced a stable and significant (p < 0.05) increase at 5, 50, and 100 pg/L in a
concentration-dependent manner, which was proved by statistics. After two weeks of exposure,
similarly, P4 induced stable and significant (p < 0.05) elevations at all the applied concentrations
(1, 5, 50, 100 ng/L). After 28 days, the increase pattern was the same as the pattern shown after
the first week; GR activity increased significantly (p < 0.05) at exposure concentrations above 1
ng/L (5, 50, 100 pg/L), also in a concentration-dependent pattern. It was proved that the GR
activity in fish exposed to P4 showed a time-dependent pattern during the 28-day exposure (Figure
18B). For the mixtures, only MIX3 decreased the activity of GR significantly (p < 0.05) after 7

days of exposure, whereas other mixtures showed no impact (Figure 18C).
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Figure 18: Changes in GR activity in the liver of Danio rerio exposed to (A) CBZ, (B) P4, and (C) binary mixtures

of CBZ and P4 for 7, 14, and 28 days. Data are expressed as mean =+ standard deviation of fifteen replicates (n = 15).
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Different letters show significant differences at p < 0.05 after a two-way ANOVA followed by Tukey’s post hoc test.

The activities of SOD assessed under different CBZ concentrations are displayed in Figure 19,
respectively. After 7 days, significant (p < 0.05) increases in SOD activity were observed at 1, 5,
and 50 pg/L CBZ concentrations compared to control group values, and the activity peaked at 50
ug/L, showing the highest value (Fig. 19A). The SOD activity in fish treated with 100 ng/L CBZ,
dropped to levels measured in control fish. After 14- and 28-day exposure durations, SOD activity
became much lower than the values measured in the first week, without any significant differences
among the applied concentrations. In contrast, P4 elicited decreases in SOD activity at all the
applied concentrations with significant (p < 0.05) differences after the first week of exposure, and
the activity reached the lowest level at the 5 ng/L P4 treatment concentration (Fig. 19B). After a
longer exposure time (14 and 28 days), the SOD activities didn't change compared to the values
measured in the control groups, respectively; however, the activities measured after 14 days and
28 days were higher than those measured in the first 7 days within all applied concentrations
(Figure 19B). The binary mixture Mix1 caused a significant (p < 0.05) reduction in the SOD
activity after 28 days of exposure, while no other changes were observed in any other treatment

condition (Figure 19C).
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Figure 19: Changes in SOD activity in the liver of Danio rerio exposed to (A) CBZ, (B) P4, and (C) binary
mixtures of CBZ and P4 for 7, 14, and 28 days. Data are expressed as mean + standard deviation of fifteen replicates
(n=15). Different letters show significant differences at p < 0.05 after a two-way ANOVA followed by Tukey’s post

hoc test.

5.2.5. Biotransformation Enzymes (EROD, GST)

The results of hepatic EROD activity changes are shown in Figure 20. After the first week of
exposure to CBZ, EROD activity increased continuously and significantly (p < 0.05) with the
increasing CBZ concentration, peaking at 5 pg/L, and then decreased at 50 and 100 pg/L, up to
the baseline EROD activity measured in control fish (Figure 20A). After 14 and 28 days of
exposure, EROD activity declined to near-control levels and did not differ significantly among the

CBZ treatments compared to the control group, and between different CBZ exposures.

EROD activity in fish exposed to P4 after 7 days of treatment increased in a concentration-
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dependent manner, with significant differences detected at 50 and 100 ng/L P4 concentrations (p
< 0.05) (Figure 20B). After 14 days of exposure to P4, EROD activities increased significantly (p
< 0.05) at lower concentrations of P4 (1, 5 ng/L), and the value decreased slightly at 50 ng/L,
followed by the inhibition of EROD activity at 100 ng/L P4 concentration, but no significant
differences. After 28 days of P4 exposure, the changes at 1, 5, and 50 ng/L were not notable, EROD

activity was significantly (p < 0.05) reduced only at 100 ng/L (Figure 20B).

After the first week of exposure to the binary mixture, a non-significant decrease in EROD activity
was shown (Figure 20C). After 14 days of exposure to the mixtures, the overall EROD activities
were higher than those measured after 7 days of exposure. The highest elevation in EROD activity
was detected in fish subjected to the MIX2 and MIX3 treatments (p < 0.05). After 28 days of
exposure, MIX1 did not alter EROD activity, but MIX2 and MIX3 still increased EROD activity,
with MIX3 eliciting the significantly (p < 0.05) highest increase in enzymatic activity as compared

to control levels (Figure 20C).

The results of GST are also shown in Figure 20. There were no significant changes at any of the
applied concentrations of CBZ compared with the control group after 7 days of exposure. After 14
and 28 days, GST levels showed a concentration-dependent increase (Figure 20D). A significant
(p <0.05) elevation of the activity was observed after 14 days of exposure to 100 pg/L CBZ. After
28 days of exposure, there were significant (p < 0.05) increases in GST activity at 5, 50, and 100
pg/L of CBZ (Figure 20D). In zebrafish exposed to P4, significant (p < 0.05) concentration-
dependent changes in GST activity were observed only after 28 days at 50 and 100 ng/L. After one
week of exposure, GST activity decreased significantly at 1 and 100 ng/L P4, whereas no
significant changes were detected at other concentrations after one or two weeks. (Figure 20E).
For the binary mixtures of CBZ and P4, all three mixtures (MIX1, MIX2, MIX3) caused a
significant (p <0.05) decrease in GST activity in a concentration-dependent manner. An increasing
inhibitory effect was observed in proportion to the increasing amount of P4 (MIX1 < MIX2 <
MIX3) present in the mixtures. The inhibitory effect of the mixtures was still detectable after two

and four weeks of exposure, but differences as compared to the control group were not so
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pronounced. Specifically, a significant (p < 0.05) inhibition was only found in MIX2 after 28 days,

and in MIX3 after 14 days and 28 days (Figure 20F).
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Figure 20: Changes of biotransformation enzymes’ activity—hepatic EROD (A—C) and GST (D-F) in the liver of
Danio rerio exposed to (A, D) CBZ, (B, E) P4, and (C, F) binary mixtures of CBZ and P4 for 7, 14, and 28 days.
Data are expressed as mean =+ standard deviation of fifteen replicates (n = 15). Different letters show significant

differences at p < 0.05 after a two-way ANOVA followed by Tukey’s post hoc test.
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6. DISCUSSION

Our findings from experiments on zebrafish and common carp revealed the sub-chronic effects, as
well as the combined impacts of CBZ and P4, highlighting the importance of investigating the sub-
chronic and further chronic influences of emerging pollutants at environmentally relevant

concentrations.

6.1. Endocrine disruption indicator (VTG)

Results on common carp exposure to CBZ revealed significantly increased VTG levels in fish
exposed to 100 pg/L CBZ after the first seven days, indicating an estrogenic-like response. The
effective concentration used in this study (100 pg/L) is higher than the current median CBZ
concentrations typically detected in surface waters, which are usually in the ng/L to low pg/L range
(Dang et al., 2024; Jeon et al., 2024). Previous studies have also highlighted the reproductive
toxicity of CBZ. For instance, Li, et al. (2010) reported that 2 hours of 2 and 20 mg/L. CBZ
exposure caused oxidative stress in common carp spermatozoa, impairing sperm quality. Our
findings further showed a clear concentration-dependent pattern, strongly suggesting that CBZ
disrupts normal endocrine functions in fish. Similarly, da Silva Santos et al. (2018) exposed adult
zebrafish to CBZ at 10 pg/L and 10,000 pg/L for 63 days, representing environmentally relevant
and supra-environmental concentrations, respectively. Compared with our study (1, 5, 50, and 100
pg/L for 28 days in C. carpio), the higher dose tested by da Silva Santos et al. caused similar
endocrine and hepatic responses with an increase in vitellogenic follicles, emphasizing CBZ’s
potential to disrupt reproductive functions in fish, similar to other non-steroidal pharmaceuticals.

Their histopathological analysis also suggested that CBZ acts through estrogenic-like pathways.

VTG, a glycolipophosphoprotein synthesized in the liver, serves as a sensitive biomarker for
detecting estrogenic substances in aquatic environments (Emmersen et al., 1979; Gagné & Blaise,
1998; Miracle et al., 2006; Runnalls et al., 2015; Shilling & Williams, 2000). Since its vitellogenin

production is typically triggered by estrogens such as 173-estradiol or chemicals that interact with
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estrogen receptors (Emmersen et al., 1979). Our results further support the hypothesis that CBZ
may mimic estrogenic effects in fish. This could explain the observed increase in VTG levels of
common carp. Notably, the rise in VTG levels after only seven days of exposure to 100 pg/L CBZ
indicates a rapid and pronounced biochemical response, raising concerns about the long-term
reproductive effects on fish populations exposed to environmentally relevant concentrations of

CBZ.

As for the experiments on zebrafish, the VTG concentrations in zebrafish increased after CBZ
exposure for one and two weeks, with a significant rise detected at the 100 pg/L concentration,
this pattern was similar to the trend observed in common carp, but the peak response occurred later,
at 14 days instead of 7 days. However, after 28 days of exposure, VTG levels showed a slight
decline relative to the control in both zebrafish and common carp. This may be because of the
hormetic effects, where low-dose exposure can stimulate, and high-dose or prolonged CBZ

exposure can suppress the VTG response (Prehn & Berd, 2006; Sumpter, 1995).

P4 is known to alter VTG levels in fish, with either inhibition or induction depending on the
concentration and the type of progestogen (Maasz et al., 2017; Zucchi et al., 2013). In our results,
a time- and concentration-dependent decrease in VTG levels was observed after 28 days of

exposure to 50 and 100 ng/L of P4, indicating an inhibitory effect at higher concentrations.

When zebrafish were exposed to binary mixtures of CBZ and P4, after two weeks, a slight but
non-significant drop in VTG levels was noted with an increased proportion of P4 and reduced CBZ
levels. VTG levels showed significant changes after 28 days of exposure. VTG levels increased
after exposure to MIX1, MIX2 and MIX3, though MIX1 did not cause a statistically significant
effect. These findings suggest that the changes in VTG concentration may follow a hormetic
pattern, which often occurs in endocrine responses, where low doses may stimulate and higher
doses may cause inhibition (Prehn & Berd, 2006). The prolonged exposure to combinations of
CBZ and P4 showed that the two compounds may act synergistically. Our results indicate that

increasing P4 concentrations may amplify and extend the estrogenic-like effects of CBZ,
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particularly at environmentally relevant concentrations. This synergism points out the importance

of studying the long-term effects of mixed pharmaceutical contaminants in aquatic ecosystems.

6.2. Modulation of AChE activity in fish

In common carp exposed to CBZ, an initial decrease in AChE activity was observed after 7 days,
aligning with previous research. Similar effects have been reported in the clam Ruditapes
philippinarum (Aguirre-Martinez et al., 2016), monogonont rotifer (Brachionus koreanus) (Rhee
et al., 2013), and crucian carp (Carassius carassius) (Nkoom et al., 2020). The study by Nkoom
et al. (2020) evidenced that short-term exposure (< 7 days) to CBZ also caused significant
inhibition of AChE activity. This reduction may have occurred because CBZ, as a neurotoxic agent,
interferes with normal neurotransmission by preventing the breakdown of acetylcholine (ACh) in
synapses, leading to neuron overstimulation and potentially impaired movement and cognitive

functions (Pfeifer et al., 2005).

However, after 14 and 28 days of exposure, AChE activity increased depending on the exposure
time and concentration. This result suggested that the fish’s body may have activated a
compensatory response to long-term CBZ exposure. Higher AChE activity can be linked to
oxidative stress and the production of free radicals (Ferreira et al., 2012), which trigger an increase
in enzyme production. In addition, the ongoing apoptosis process may also be one reason (B.
Zhang et al., 2012; X. Zhang et al., 2002). For example, Yan et al. (Yan et al., 2021) found that
CBZ at environmentally relevant concentrations (1, 10, and 100 pg/L) caused apoptosis in the liver
cells of Gobiocypris rarus. Therefore, the elevated AChE activity measured on common carp in

this study may be linked to apoptotic processes.

An increase in AChE activity is often a consequence of tissue alterations (e.g., apoptosis) ( Zhang
et al., 2002). Higher AChE levels cause a faster breakdown of neurotransmitter ACh, leading to
reduced stimulation of ACh receptors. Earlier, it was suggested that reduced stimulation of Ach
receptors in turn may lead to poorer cognitive functions in fish (Tougu & Kesvatera, 1996). A

similar increase in AChE activity was observed in zebrafish after 63 days of CBZ exposure (da
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Silva Santos et al., 2018), indicating that this response may be common in different fish species.
In this study, the observed changes in AChE activity (an early decrease followed by an increase)

may therefore reflect the complex physiological adjustments to CBZ exposure

In zebrafish exposed to CBZ, P4, and their binary mixtures, CBZ induced time- and concentration-
dependent changes in AChE activity, a finding consistent with other studies on this species(da
Silva Santos et al., 2018). After 28 days, significant increases in AChE activity were observed at
1 pg/L and 5 pg/L CBZ concentrations. However, at higher concentrations, such as 50 ug/L and
100 pg/L, AChE activity decreased, which may be attributed to the cumulative toxic effects of
CBZ. In zebrafish, AChE activity first decreases during short-term exposure, indicating an early
toxic effect, but then increases over time, likely as a compensatory response to stress. In contrast,
zebrafish AChE activity initially increases at low concentrations, suggesting an early stress
response, but drops at higher concentrations for prolonged exposure, possibly due to severe

damage that disrupts enzyme production.

Similarly, after 28 days of exposure to P4, a significant increase in AChE activity was observed at
the highest concentration (100 ng/L). Previous studies have linked increased AChE activity with
oxidative stress, the production of free radicals (Ferreira et al., 2012), and apoptosis ( Zhang et al.,
2012; Zhang et al., 2002). As mentioned before, physiologically, AChE plays an important role in
breaking down the ACh, when AChE activity increases, ACh levels decrease more rapidly,
reducing stimulation at acetylcholine receptors, which can impair cognitive function (Yan et al.,

2021).

AChHE activity in response to the mixtures followed distinct patterns over time.A significant
decrease after 7 days was observed in MIX1. Although slight variations in AChE activity were
observed following 14 and 28 days of exposure, no statistically significant differences were found
for any of the mixture treatments. These results highlighted the complexity of mixture effects and
suggested that some combinations of contaminants may have less pronounced impacts on AChE

activity. Although AChE is a key enzyme in neurotransmission, moderate changes (<50%) in its
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activity are generally interpreted as modulation rather than direct neurotoxic impairment

The two fish species exhibited opposing trends in AChE activity following CBZ exposure.In the
common carp, AChE activity decreased during short-term exposure and later increased, which may
reflect an initial stress response followed by compensatory adaptation. Conversely, in zebrafish,
AChE activity initially increased at low concentrations, suggesting an early stress response, but
dropped at higher concentrations or prolonged exposure, possibly due to severe damage that
disrupts enzyme production. These findings indicate that different fish species may respond
differently to the same chemical exposure. Carp are larger in size, long-lived fish with a slower
metabolism, while zebrafish are small and have a faster metabolic rate. For example, van de Pol
et al. (2017) indicated that there are significant differences in energy metabolism between different
fish species. A study on the activity of metabolic enzymes in carp muscle indicated that carp might

have a relatively slow metabolic characteristic (Johnston et al., 1977)

6.3. Damage markers (DNAsb, LPO, LDH)

6.3.1. DNAsb

Previous studies have shown that CBZ may cause alterations in the genetic material of Chinese
rare minnows (Gobiocypris rarus) after 28 days of exposure to 1, 10, and 100 ug/L of CBZ (Yan
et al., 2021). Here, in common carp, a slight decrease in DNAsb levels was observed over the 28-
day exposure period compared to the control groups.. The decreased level of DNA strand breaks
may be explained by the inhibitory effect of CBZ on cell division during longer exposure times

(Oliveira et al., 2007).

In zebrafish, DNAsb levels initially increased after CBZ exposure, likely due to oxidative damage
caused by ROS, as suggested by ROS defence enzyme results. This suggests that oxidative stress
was a key factor contributing to genetic material damage (Birben et al., 2012). However, the
subsequent decrease in DNAsb levels might indicate the inhibition of cell division, which could

have limited the division of DNA strands (Bolognesi & Hayashi, 2011; M. Oliveira et al., 2007).
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By using EdU (5-ethynyl-2'-deoxyuridine) or BrdU (5-bromo-2'-deoxyuridine) incorporation
assays, it can be directly counted how many cells are actively replicating DNA. A significant
reduction in EAU/BrdU-positive cells compared to controls would provide clear evidence that cell
division has been inhibited (Verduzco & Amatruda, 2011). Notably, in the group exposed to
progesterone (P4), DNAsb levels were significantly elevated after one week but returned to control
group levels after two and four weeks, implying that the antioxidant defence system may be
capable of mitigating the effects of oxidative stress over time. Both, zebrafish and common carp
showed initial DNA damage following CBZ exposure, linked to oxidative stress. Zebrafish
demonstrated greater sensitivity to the exposure than common carp, as evidenced by a sharp
increase in DNAsb levels, whereas common carp showed only a slight decrease. The results of tests
with binary mixtures showed a more complex action pattern. After 7 days, DNAsb levels decreased
in the MIX3 group compared to the control and other mixtures, suggesting the initial DNA repair
mechanisms may have been activated upon MIX3 treatment. However, significantly higher
DNAsb levels were observed after four weeks of exposure to both MIX2 and MIX3. This increase
likely occurred because prolonged exposure suppressed the antioxidant defense systems, leading
to an accumulation of DNA damage under the stress of the mixtures. The overall response appears
to be biphasic. The initial decrease in DNA damage might be linked to low-intensity oxidative
stress inducing a protective response, where cells produce antioxidant enzymes to eliminate ROS.
In contrast, the subsequent increase in DNAsb suggests that severe oxidative stress eventually
overwhelmed these protective mechanisms, resulting in damage to cellular components such as

lipids, proteins, and DNA (Maasz et al., 2017).

6.3.2. LPO

Lipid peroxidation (LPO) results from the reaction of reactive oxygen species (ROS) with
polyunsaturated fatty acids in cell membranes, which damages their structure and compromises
membrane integrity (Ayala et al., 2014; Oakes & Van Der Kraak, 2003). A variety of assays are
available to quantify lipid peroxidation. The thiobarbituric acid reactive substances (TBARS)

assay is a well-established method for assessing lipid peroxidation, and the resulting TBARS level
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serves as a good indicator of oxidative damage to lipids. (Oakes & Van Der Kraak, 2003).
Malondialdehyde (MDA) is commonly used as a biomarker for oxidative stress because its
production increases in response to the oxidation of lipids by reactive oxygen species (ROS).

(Gawet et al., 2004).

CBZ exposure induced a significant elevation in TBARS levels in common carp only at the highest
concentration (100 pg/L) after 28 days. However, the gradual rise in TBARS levels throughout the
experiment compared to the control group suggests increasing oxidative stress caused by a
malfunctioned antioxidant defence system. This observation aligns with findings from previous
studies, such as Li et al. ((2010), who reported elevated TBARS levels and oxidative stress in
rainbow trout after 21 and 48 days of exposure to CBZ concentrations of 20 and 200 pg/L. These

similarities highlight that prolonged CBZ exposure can lead to oxidative stress in different fish.

In zebrafish, CBZ exposure did not induce statistically significant changes in LPO levels, with the
notable exception of a decrease at 100 pg/L after 14 days, which may be attributed to a protective
antioxidant response. Elevated TBARS levels found at 5, 50, and 100 ng/L P4 concentrations after
four weeks of exposure supported the finding that exogenic P4 causes oxidative stress in zebrafish.
Binary mixtures did not cause significantly increased TBARS levels in zebrafish during our
assessments. However, significant reductions of LPO levels were observed after two and four
weeks of exposure to MIX3, which may be attributed to the lower lipid content of the cells (Gagné,
2014), suggesting a deterioration in the condition of fish. The observed reduction may also
contribute to the antioxidative protection of SOD because another biomarker SOD value in the

same test on zebrafish increased significantly with exposure to MIX3 after four weeks.

6.3.3. LDH

LDH is a key biomarker for organ and tissue damage, reflecting both metabolic shifts, such as in
carbohydrate metabolism, and pathological structural changes. (Osman et al., 2010). In carp, CBZ
exposure elicited a time-dependent response in LDH activity. After 7 days, a significant decrease
was observed in the 1 pg/L group, suggesting a possible adaptive response at low concentrations.
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In contrast, after 28 days, LDH activity showed a non-significant increasing trend at concentrations
of 1,5, and 50 pg/L compared to the control.Previous studies have reported increased LDH activity
in the liver and gills of common carp after exposure to 5700 pg/L CBZ for 7 to 28 days, which
was linked to metabolic disruption and tissue hypoxia caused by respiratory epithelium disruption,
leading to reduced normal oxidative metabolism (Malarvizhi et al., 2012). In another study, da
Silva Santos et al. (da Silva Santos et al., 2018) reported elevated LDH levels in zebrafish after 63
days of 10,000 ug/L CBZ exposure and no change after 10 pg/L CBZ concentration. In contrast,
no significant dose-dependent increase in LDH activity was observed after 28 days of CBZ
exposure, although minor fluctuations were noted among the treatment groups.In zebrafish, P4
caused significant increase in LDH activity after exposure to at 50 and 100 ng/L for one week and
at 100 ng/L for two weeks. The concurrent alterations in both AChE and LDH activities suggest
structural damage to liver cells. This interpretation is logical given the liver's high detoxification
capacity, where altered AChE activity reflects a disruption of physiological processes, and changes
in LDH indicate cellular injury.. In the mixture-exposed groups, LDH activity in the liver also
increased, with levels comparable to those observed in the single-component exposures. A rapid
and significant increase was observed after just one week for all three mixtures (MIX1, MIX2, and
MIX3), indicating that these combinations can quickly induce metabolic stress or tissue damage.
However, this initial effect evolved differently over time. By week two, only MIX1 and MIX3 still
induced a significant effect, suggesting a potential compensatory or adaptive response to the MIX2
treatment. By the end of the fourth week, a significant LDH increase was only persistent in the
MIX3 group. Overall, MIX3 consistently elicited the most pronounced and sustained effect on
LDH activity. This finding, which aligns with the trends seen for other biomarkers, suggests a

more-than-additive or synergistic toxicity between CBZ and P4 in this specific combination.

6.4. Antioxidant defence (SOD, CAT, GPx, GR)

Reactive oxygen species (ROS) are by-products of normal cellular metabolism and play an

important role in cell signalling and physiological functions at baseline levels. Excessive ROS
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levels which are often caused by xenobiotics, can damage biological molecules like lipids, proteins,
and DNA, leading to oxidative stress. Further, this imbalance between ROS and antioxidants can
disrupt cellular functions and contribute to impairment of basic metabolic processes in cells. To
maintain the redox balance, organisms have developed antioxidant defence systems, which include
enzymatic antioxidants such as SOD, CAT, and GPx, as well as non-enzymatic antioxidants like
GSH, vitamins C and E, and carotenoids. These antioxidants work together to neutralize ROS,
preventing them from causing cellular damage. However, the antioxidant system may become
overwhelmed under prolonged oxidative stress, leading to cell dysfunction and oxidative-related

diseases (Birben et al., 2012).

Phase [ metabolism in fish, such as the enzymatic activity of EROD, generates ROS as by-products
(David R. Livingstone, 1991). To combat ROS, cells utilise non-enzymatic scavengers like
reduced glutathione (GSH) and antioxidant enzymes (e.g., SOD, CAT, and GPx) (Dhaunsi et al.,
1992; Orbea et al., 2000; Singh et al., 1994). CAT, SOD, GPx, and GR work in a coordinated
defence system to neutralise different types of ROS at various stages. SOD serves as the first line
of defence by converting superoxide radicals into H-O2. CAT and GPx then act as the second line
of defence, breaking down H20: into water and oxygen to prevent its accumulation. GR plays a
key role by converting oxidized glutathione (GSSG) back into its reduced form (GSH), ensuring
a steady supply of GSH for GPx to act (Birben et al., 2012; Carlberg & Mannervik, 1975b; Faria
et al., 2009).

In our study on the liver of common carp exposed to CBZ, the measured alterations in antioxidant
defence system enzyme activities illustrate a dynamic oxidative stress response to CBZ. Firstly, a
significant increase in SOD activity was observed after 7 days at higher CBZ concentrations (5
and 50 pg/L), indicating an early activation of antioxidant response to against elevated ROS levels,
in another words, SOD activity in the tissues of fish to initiate the dismutation of ROS derived
from pharmaceuticals (such as superoxide anion radical O2—¢) to molecules which are less toxic
(such as H202). SOD activity decreased to levels comparable to the control, and remained low

after 28 days, while lipid peroxidation (LPO) levels increased significantly. This pattern suggests
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that prolonged CBZ exposure may have exceeded the compensatory capacity of the antioxidant
system, leading to oxidative damage accumulation. The reduction in SOD activity could also result
from several detailed factors: lipid peroxidation; direct ROS attacks on proteins, which lead to
enzyme inactivation; and an energy (NADPH) shortage (Z. Li, Velisek, et al., 2010; Viarengo et

al., 1995).

Regarding CAT levels in common carp exposed to CBZ, a significant increase was observed at the
highest concentration after 7 days, suggesting an adaptive antioxidant response to elevated ROS.
This activation reflects the upregulation of CAT to detoxify hydrogen peroxide (H20:) into water
and oxygen. Our results are consistent with previous studies, where short-term (<7 days) CBZ
exposure significantly increased SOD, CAT, and GR activities in Oncorhynchus mykiss (Z. Li,
Velisek, et al., 2010) and Carassius carassius (Nkoom et al., 2020). The initial rise in antioxidant
enzyme activity likely resulted from ROS accumulation, which stimulated SOD to catalyse the
dismutation of superoxide anion radicals (O2"¢) into H20-. In turn, H.O» accumulation, produced
both by SOD and other oxidase enzymes (e.g., xanthine oxidase, amino acid oxidase, NAD(P)H
oxidase), can further induce CAT activity as a compensatory defence (Birben et al., 2012; Van der
Oost et al., 2003; Viarengo et al., 1995). Elevated CAT activity persisted after 14 days, indicating
sustained oxidative stress, and remained upregulated at 100 pg/L after 28 days. This persistent
increase suggests that continuous H20- production from multiple metabolic sources maintained
CAT activation. In contrast, at lower CBZ concentrations (1 and 5 pg/L), CAT activity showed

only moderate elevation, reflecting an activated but not exhausted antioxidant defence system.

In the liver of common carp exposed to CBZ, glutathione reductase (GR) levels followed a similar
trend to that of superoxide dismutase (SOD). Both enzymes showed a significant increase at 5 and
50 pg/L concentrations after 7 days, suggesting a coordinated and effective defense response to
oxidative stress.The upregulation of GR level aimed at maintaining sufficient levels of GSH to
support antioxidant processes. The increase in the activity of GR subserves the conversion of
GSSG to reduced GSH; reduced GSH can directly scavenge ROS and is subsequently reduced to

GSSG in an energy-demanding process utilising NADPH (Z. Li, Velisek, et al., 2010). However,
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the GR levels dropped below control levels at 100 pg/L CBZ. This decline might result from
prolonged oxidative stress leading to enzyme inactivation due to lipid peroxidation and direct ROS
attacks on proteins. Additionally, NADPH depletion, which is required for GR activity, may further
limit its function, contributing to the observed suppression over time. Our results of the antioxidant
enzymes indicated that the antioxidant defence system may initially compensate for oxidative
stress but eventually become overwhelmed, supporting the hypothesis that prolonged CBZ

exposure may induce oxidative stress.

As for the experiment on the zebrafish exposure to the CBZ, SOD, GR, and selenium-dependent
GPx (GPxSe) levels had significant increases during the first week, indicating a strong initial
antioxidant response to ROS. However, at the highest concentration (100 pg/L), the activities of
SOD and GR dropped back to control levels even after just one week and remained slightly
suppressed through 28 days of exposure. In contrast, GPxTOT and CAT activities did not change
significantly until the second week of exposure. After two weeks, both GPxTOT and CAT activities
increased at moderate CBZ concentrations (5 and 50 pg/L), suggesting an effective defence
response to sustained ROS exposure. However, at 100 ug/L. CBZ after 28 days, the activities of
GPxTOT and CAT returned to control levels, indicating that the antioxidant system may have been
overwhelmed. The initial elevation in antioxidant enzyme activities appears to be driven by
inorganic ROS produced during phase [ metabolism, as well as by superoxide radicals neutralized
by SOD. The observed decline in GST activity also reflects a reduction in available GSH after the
first week, most presumably due to the increased usage of GSH in the detoxification process. After
the second week, it was likely that the EROD and SOD enzymes became less effective, resulting
in an increase in organic ROS. Excessive ROS may have inhibited antioxidant enzymes like CAT
and GPxSe, or led to direct oxidative damage to proteins, causing further suppression of enzyme
activity (Halliwell & Gutteridge, 2015; Kono & Fridovich, 1982). It is important to note that CAT
and GPxSe play complementary roles in eliminating H-O> (Halliwell & Gutteridge, 2015),
however, they operate in different cellular compartments, in which GPx functions in the

peroxisomes, while CAT is active in the mitochondria and cytosol (David R. Livingstone, 1991).

82



Additionally, while CAT and GPxSe both target H.O., selenium-independent GPx can also
neutralize toxic lipid hydroperoxides (De Luca-Abbott et al., 2005). In this present study, the phase
I metabolism (e.g., EROD) cannot effectively break down progesterone, which may lead to higher
levels of ROS. This can trigger an increase in GPXxTOT and CAT activities as the cells try to remove
excess ROS. At the same time, the high ROS levels may overwhelm antioxidant the system and
inhibit the activities of SOD, GPxSe, and GR, reducing their ability to function properly.
Meanwhile, an energy (NADPH) shortage caused by prolonged CBZ exposure may also explain
the observed reduction in antioxidant enzyme activities over time (Z. Li, Velisek, et al., 2010;

Viarengo et al., 1995).

The antioxidant enzyme activity patterns in P4-exposed zebrafish suggested that inorganic ROS,
likely produced during phase I metabolism, triggered significant changes in the antioxidant
defence system. GR and GPxSe showed significant increases after one week of exposure at higher
concentrations (50 and 100 ng/L of P4), indicating an early response to elevated ROS levels. This
pattern continued through the second and fourth weeks across all P4 concentrations, showing that
the cells kept working to maintain GSH levels and reduce ROS over time. The measured GPxTOT
activities were generally higher than GPxSe activities, especially at 5 ng/L, 50 ng/L, and 100 ng/L
after the first week of exposure. It suggests that both selenium-dependent and independent
enzymes contribute to ROS detoxification. CAT activity remained largely unchanged at lower
concentrations but was significantly elevated after 28 days at 100 ng/L P4. This late increase
suggested that higher levels of H-0. accumulated implied increased CAT needs. Interestingly,
SOD activity was not significantly affected by P4 exposure at any time point. It may be because
the primary ROS generated may not include superoxide radicals which are specifically targeted by
SOD, but rather inorganic ROS produced in phase I metabolism or other processes. Our findings
proved that the observed enzyme activity changes correspond closely to phase I metabolism
processes. The absence of significant SOD changes supports the idea that H.O: may be the main
ROS involved in the antioxidant response to P4 exposure. Additionally, the strong and sustained

increases in GPxSe and GR reflected the necessity to regenerate GSH against oxidative stress over
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prolonged P4 exposure.

Among the binary mixtures tested, MIX3 had a particularly pronounced effect on zebrafish,
causing significant alterations in the antioxidant enzymes GR, GPxSe, and GPxTOT.After the first
week, the activities of GPxSe, GPXxTOT, and GR were reduced, showing that the antioxidant
defence system was initially suppressed. By the fourth week, GPxSe and GPxTOT activities
increased significantly, indicating that the cells were trying to recover from the stress. MIX1
caused a significant drop in SOD activity after 28 days, suggesting that the metabolism or mode
of action of the mixture of these compounds may differ from the single chemical’s effect; the
mixture may affect the removal of superoxide radicals. The data also show that different mixtures
had different effects, depending on the proportion of CBZ and P4. It indicated that the combined
effect of the chemicals is not simply additive but depends on how the compounds interact. The
response of the antioxidant system varies with both exposure time and the concentration of each
compound. In some cases, the mixture seemed to reduce the harmful effects predicted from the
single chemicals, while in others, it made the effects worse. It is notable that MIX3, which had the

highest amount of P4, caused the strongest changes in enzyme activities.

6.5. Biotransformation Enzymes (EROD, GST)

EROD is a highly sensitive indicator of contaminant uptake in fish, providing evidence of receptor-
mediated induction of cytochrome P450-dependant monooxygenases (the CYP1A subfamily
specifically) by xenobiotic chemicals. It is widely used as a biomarker in fish for screening the
uptake of environmental organic pollutants (Jonsson et al., 2006). In our experiments with
common carp, the significant increase in EROD activity after 28 days of exposure to 50 and 100
ug/L CBZ concentrations indicated that CYP1A enzymes were biosynthesised to detoxify and
metabolise CBZ. Notably, the response was dose- and time-dependent, with the highest induction
observed at 50 ug/L after 28 days, indicating that CYP1A-mediated metabolism was progressively
upregulated as CBZ accumulates. This result is similar to a previous study on Carassius carassius,

where lower CBZ concentrations (2 and 10 pg/L) also increased EROD activity after a few days
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(Nkoom et al., 2020). However, instead of continuing to increase, EROD activity dropped at 100
ng/L after 28 days, suggesting that excessive CBZ exposure impairs the metabolic function of liver,

making it harder to keep producing the enzymes, as proposed in the case of AChE.

GST, a member of the Phase II biotransformation enzyme group, is engaged in the conjugation of
organic xenobiotics with glutathione, making them more soluble and easier to eliminate and
excrete (Vernouillet et al., 2010). GST activity levels significantly increased in the experiments
with common carp, suggesting an oxidative stress-induced defence response, alternatively, an
enhanced conjugation and excretion of CBZ metabolites in the liver of fish. This result aligns with
findings by Nkoom et al. (Nkoom et al., 2020), where 2 and 10 pg/L CBZ exposure led to a
significant increase in GST activity in Carassius carassius after 1, 4, and 7 days. While GST
activity remained stable at lower CBZ concentrations (1 and 5 pg/L), a noticeable increase was
observed at higher concentrations (50 and 100 pg/L), particularly after 28 days of exposure,
indicating a stronger detoxification response under prolonged high-concentration CBZ exposure.
The combined data on EROD and GST activities in our study suggest that CBZ undergoes both

Phase I biotransformation and Phase II metabolism in the liver of common carp.

EROD activity showed a clear time-dependent response to CBZ exposure in zebrafish. A
significant increase in EROD activity after 7 days of exposure to CBZ showed that CYPIA
enzymes were biosynthesized to detoxify and metabolize CBZ. This pattern is consistent with
previous studies on Carassius Carassius by Nkoom et al., where EROD activity was elevated
within the first few days of exposure to CBZ (Nkoom et al., 2020). However, after 14 and 28 days
of exposure to CBZ, EROD activity showed a significant decline across all concentrations,
suggesting that the initial induction of EROD may have been a short-term response to CBZ
exposure. The subsequent decrease might be attributed to metabolic adaptations to the chemical
stressor. Additionally, the diminishing response at later time points might be because the
metabolism pathway of CBZ has shifted over time. EROD activity exhibited a fluctuating response
to P4 exposure, the early increase after 7 and 14 days of exposure suggesting an initial enzymatic

induction, potentially linked to the activation of phase I detoxification. The decline of EROD
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activity after 28 days of P4 exposure may be related to metabolic adaptation, enzyme inhibition,
or a shift in detoxification over a prolonged exposure period. In mixtures, none of the assessed
combinations caused a significant effect in EROD activity after 1 week of exposure. MIX2 and
MIX3 caused a notable increase in EROD activity after 14 days of exposure to the mixtures. This
increase suggested that prolonged exposure triggers phase I metabolic activation. Also, it indicated

that MIX1 had a weaker impact on EROD activity compared to the other mixtures.

Both common carp and zebrafish showed a concentration- and time-dependent increase in GST
activity during chronic exposure to CBZ, but the timing and pattern of activation differed. GST
activity in zebrafish after CBZ exposure showed no significant alteration across all tested
concentrations after the first 7 days, suggesting that phase II detoxification was not immediately
activated. This aligns with the suggestion that early-stage CBZ metabolism primarily undergoes
Phase I metabolism (via CYP1A activation), which is proven by the initial increase of EROD
during our tests. In contrast, common carp demonstrated an earlier activation of GST, as written
in the previous text. The subsequent notable increase of GST activity at higher CBZ concentrations
indicated that the metabolic response shifted toward phase II detoxification. GST activity levels
remaining high until 28 days of CBZ exposure suggest that there was a demand for GST for
oxidative stress defence and detoxification over a prolonged exposure period. These findings are
consistent with previous studies on Cyprinus carpio, Carassius carassius, and Danio rerio, where
GST was upregulated after exposure to environmentally relevant CBZ concentrations (1-100 p/L)
(da Silva Santos et al., 2018; X. Liang et al., 2022; Nkoom et al., 2020). Regarding the effect of
P4 on GST activity, only the lowest applied concentration (1 ng/L) caused a significant increase
in GST levels. This non-linear response pattern may reflect a hormetic effect, where low P4
exposure levels induce moderate antioxidant activation, while higher concentrations fail to
produce a similar response. Such concentration-dependent variations in enzyme activity have also

been reported in previous studies (Prehn & Berd, 2006).

Regarding the GST activity to the exposure of mixtures, GST activity in all mixture treatments

(MIX1, MIX2, MIX3) was lower than in the control group at every time point, suggesting that the
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combined exposure to CBZ and P4 does not enhance GST activity as strongly as individual
exposure to either compound alone. It might indicate that CBZ and P4 together interfere with GST
enzyme function from the early stage. GST activity remained lower in mixtures than in control,
suggesting that phase II detoxification is impaired. Meanwhile, there was a clear pattern where
higher P4 ratios (MIX1 < MIX2 < MIX3) resulted in stronger GST inhibition. Furthermore, our
results showed that the presence of both CBZ and P4 in mixtures could have a synergistic toxic
effect, disrupting normal metabolic processes. The observed pattern of the mixtures in GST and
EROD activity may suggest an altered metabolic route for xenobiotics, which means that when
CBZ and P4 were present together, the way fish metabolised these chemicals was different from
when they were exposed to CBZ or P4 alone. Unlike single exposure, the mixtures do not
immediately cause a strong metabolism response; the short-term detoxification was delayed in
mixtures. In the case of EROD activity, mixtures of CBZ and P4 seemed to shift significant effects
in time, mitigating short-term effects and causing a significant increase in chronic effects. This
could mean that the presence of P4 delayed CBZ metabolism, possibly because P4 altered enzyme

expression.
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7. CONCLUSION AND RECOMMENDATIONS

Our studies provide significant insights into the biochemical responses of juvenile common carp
(Cyprinus carpio) and zebrafish (Danio rerio) to chronic exposure to environmentally relevant
concentrations of carbamazepine (CBZ) and progesterone (P4), both individually and in their
binary combinations. Our findings indicate that prolonged exposure to these pharmaceuticals
significantly disrupts xenobiotic metabolism, detoxification processes, oxidative stress defence,
and endocrine function. The observed alterations in biotransformation enzymes (EROD, GST),
oxidative stress markers (SOD, CAT, GPx, GR, LPO), reproductive biomarkers (VTG), and organ
and tissue damage (LDH, AChE, DNAsb) indicate potential ecological risks associated with

pharmaceutical pollution in aquatic environments.

Both studies indicate that CBZ and P4 exposure disrupts Phase I (EROD) and Phase II (GST)
metabolism, which play crucial roles in the defence against these of xenobiotics. CBZ exposure
initially induced EROD activity, reflecting an effective detoxification response; however,
prolonged exposure resulted in a decline in EROD activity, suggesting either metabolic adaptation
or enzymatic inhibition. GST activity increased in a concentration-dependent manner, indicating
elevated detoxification demands, while P4 exposure further modulated these enzymatic pathways,
with synergistic effects observed in CBZ and P4 mixtures. These findings suggest that
pharmaceutical mixtures may enhance metabolic disruption beyond the effects of individual
compounds, emphasising the need to consider specific mixture toxicity features in environmental

risk assessments.

Changes in the activity of antioxidant enzymes (SOD, CAT, GPxSe, GPxTOT, GR) showed that
oxidative stress defences were disrupted. The antioxidant enzyme system showed an initial
upregulation, followed by a reduction in activity upon extended exposure, indicating potential
adaptation of fish to toxic stress. The increased levels of LPO and DNAsb further confirmed
oxidative damage, suggesting that chronic pharmaceutical exposure can cause cellular damage.

Additionally, the significant increase in LDH activity indicates metabolic stress and potential
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tissue damage, reinforcing concerns regarding the sub-lethal effects of these contaminants.

The observed changes in vitellogenin-like protein (VTG) levels further highlight the endocrine-
disrupting potential of CBZ and P4. CBZ exposure upregulated VTG expression, suggesting
estrogenic-like activity, while P4, known for its endocrine-modulating effects, induced
concentration-dependent alterations in VTG levels. Notably, CBZ and P4 mixtures exhibited non-
linear, synergistic interactions, exacerbating VTG disruption and indicating potential reproductive
toxicity in exposed fish populations. These findings underscore the importance of evaluating
pharmaceutical mixtures, as chemical interactions may enhance endocrine disruption beyond

individual compound effects.

Given the widespread occurrence of pharmaceutical contaminants in aquatic environments, these
results highlight the need for long-term ecological studies to assess the impact of pharmaceutical
mixtures on aquatic biota. Most of the biomarkers assessed in this study, such as EROD, GST,
LPO, LDH, and VTG, serve as early warning signals at the biochemical or cellular level. Future
research should explore the molecular mechanisms underlying metabolic adaptation and oxidative
stress responses, and further investigate whether these biochemical and endocrine disruptions may
lead to adverse reproductive outcomes in aquatic organisms. Additionally, improved wastewater
treatment technologies and stricter regulatory policies are essential to mitigate the risks posed by

pharmaceutical pollutants and safeguard the health of the aquatic ecosystem.
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8. NEW SCIENTIFIC RESULTS

1. This study provides novel subacute toxicity data on carbamazepine (CBZ) exposure in Cyprinus
carpio, a freshwater species less studied in pharmaceutical ecotoxicology compared to zebrafish.
Using environmentally relevant concentrations and a comprehensive biomarker approach, the
study reveals significant oxidative stress, enzymatic disruption, and tissue-level damage after 28

days of exposure.

2. This study is one of the first to report that chronic CBZ exposure at environmental

concentrations can trigger apoptotic responses and tissue damage in juvenile Cyprinus carpio, as

indicated by alterations in LPO, LDH, and DNAsb biomarkers.

3. This is one of the first studies to demonstrate synergistic and dose-ratio-dependent effects of
CBZ and progesterone (P4) mixtures in Danio rerio at environmentally relevant concentrations.
The observed effects on endocrine (VTG), biotransformation (EROD, GST), and damage (DNAsb)
biomarkers exceeded the toxicity thresholds observed for individual compounds, suggesting

chemical interaction and enhanced mixture toxicity.

4. This study provides new toxicological evidence supporting the use of a multi-biomarker
approach to assess sublethal effects of chronic pharmaceutical exposure. The integrated biomarker

responses offer early and reliable warning signals, even at low exposure levels.

5. The cross-species comparison between Cyprinus carpio and Danio rerio under harmonized
experimental conditions provides a novel dataset for comparative pharmaceutical toxicity
assessment. The findings contribute to understanding species-specific biomarker response patterns,

supporting broader applications of fish models in environmental risk assessment.

6. The endocrine-disrupting potential of CBZ and P4 was evidenced by altered VTG levels in

zebrafish, suggesting reproductive risks associated with long-term exposure.
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9. SUMMARY

The objective of this work was to evaluate the chronic ecotoxicological effects of two
representative emerging micropollutants, carbamazepine (CBZ) and progesterone (P4), at
environmentally relevant concentrations.Two ecologically and environmentally important fish
species, Danio rerio (zebrafish) and Cyprinus carpio (common carp) were selected to
systematically evaluate both individual and binary mixture effects of CBZ and P4 under their

environmentally relevant concentrations

This study investigated the chronic biochemical responses of common carp and zebrafish by
measuring a set of biochemical markers, including antioxidant enzymes (SOD, CAT, GPx, GR),
biotransformation enzymes (EROD, GST), endocrine disruption biomarker (VTG), neurological
biomarker (AChE) and cellular damage indicators (LPO, LDH, DNAsb) after exposure to CBZ,

P4, and their binary mixtures for 28 days.

The results demonstrated that prolonged exposure to CBZ and P4 disrupted Phase I and II
detoxification processes, induced oxidative stress, and modulated endocrine function. EROD
activity was initially elevated but decreased over time, while GST showed concentration-
dependent induction. Antioxidant enzyme activities fluctuated, with early activation followed by
inhibition under long-term exposure. Biomarkers of damage, such as LPO, DNAsb, and LDH

increased significantly, indicating metabolic and cellular stress.

Notably, CBZ and P4 mixtures exhibited synergistic effects on multiple endpoints, particularly
VTG expression, highlighting their potential to disrupt the endocrine system. The findings suggest
that pharmaceutical mixtures pose greater risks than individual compounds and emphasize the

need to include mixture toxicity in environmental risk assessments.

91





https://doi.org/10.3390/antiox11091776
https://doi.org/10.3390/antiox11061136
https://doi.org/10.1016/j.envpol.2023.123113
https://doi.org/10.15414/2022.9788055225388
https://doi.org/10.3390/antiox11091776

11. ACKNOWLEDGEMENTS

Time flows quietly, and the years slip by. Now, standing at the threshold of my thirties, I look back
on my academic journey with deep emotion. Many of those feelings, like the wind, have passed
gently through me: soft, yet unforgettable. In the bright summer of 2020, I began my PhD journey
without hesitation. I still remember that day: the sky in G6dollé was bright blue, the breeze was
light, and a voice inside me whispered, “Go ahead. Whatever you long to experience, go and
embrace it.” As an old Chinese proverb says, “Do good deeds, and do not ask about the future.”

So I followed the wind, full of ideals and courage, and stepped into this chapter of my life.

Perhaps the gears of destiny began turning even earlier. At the end of 2013, I learned about the
bilateral scholarship program jointly supported by the China Scholarship Council (CSC) and
Hungary’s Tempus Public Foundation (TPF). After months of preparation, I arrived in Hungary
in 2014 to begin my studies. I was not yet 19. A blue 200E airport bus carried me into the city. I
could never have imagined that one day I would develop such a deep and enduring connection

with this land.

The PhD journey has been filled with both challenges and growth. I am especially grateful to my
supervisors, Dr. Andras Acs and Dr. Zsolt Csenki-Bakos, for their unwavering guidance and
support. When I struggled with technical concepts or hesitated to ask questions, it was Andras who
gently reminded me, “Never be afraid to ask. Learning is the journey from not knowing to
understanding.” Over time, the instruments and biomarkers that once felt unfamiliar became

familiar tools of my work.

In early 2021, I became pregnant. There was a moment of joy, but also of overwhelming
uncertainty. As a young PhD student, the decision to continue was not easy. I still remember
standing at the entrance of the lab, unsure of the future. It was Zsolti who sat beside me, gently
held my hand, and said, “Xinyue, don’t be afraid. Don’t give up. We will support you.” His words

became a beacon of strength in the years that followed.

93



I am also thankful to the many teachers and colleagues who showed me kindness. Professor Dr.
Edit Kaszab always greeted me with a warm hug. Professor Dr. Matyas Cserhati and Professor Dr.
Istvan Szabd brought calmness and humor. To all my dear colleagues, your support helped me

face the dual pressures of research and motherhood. Thank you for your trust and encouragement.

I sincerely thank the China Scholarship Council (CSC) and Tempus Public Foundation (TPF) for
the opportunity to study under the Stipendium Hungaricum program. Without it, I might never
have entered the world of scientific research. This experience has shaped not only my career but

also my perspective on life and the world.

Becoming a mother gave me a deeper understanding of my parents' love. I thank them for always
encouraging me, even when their care was expressed in quiet, subtle ways. [ am especially grateful
to my mother and mother-in-law, two heroic women who helped care for my daughter so I could
continue my studies. During the COVID-19 pandemic, my mother flew from China despite
language barriers and travel complications. Later, my mother-in-law also came to help, bringing
warmth and stability. I also thank my father, father-in-law, and our entire family in China. Your

long-distance love sustained us through many storms.

To my daughter, thank you for coming into our lives, for being healthy and strong, and for bringing

us so much joy.

To my life partner, Jiang Dongze, thank you for walking beside me. From the Danube to the lab,
from classmates to parents, we have experienced exhaustion and joy together. I hope we will

continue forward with love, respect, and a shared dream.

Finally, I thank my past self for choosing this path and never giving up. During these years, [ have
learned to think independently, to embrace uncertainty, and to let data guide my understanding of
the world. A PhD is not an end, but a new beginning. As my supervisor Andras once said: “Each
researcher lays a brick in the Great Wall of scientific knowledge.” I am grateful to have laid my

brick.

94



“Though the road is long and winding, I will keep going.” — Qu Yuan, Warring States Period
Funding

This work was supported by the National Research, Development and Innovation Office (NKFIH)
from the National Research, Development and Innovation Fund (NKFIA). Funding was provided
under Grant Agreements NVKP 16-1-2016-0023, KFI 16-1-2017-0475, and EFOP-3.6.3-
VEKOP-16-2017-00008, the latter co-financed by the European Union. Additional support was
received from Project No. 2020-1.1.2-PIACI-KFI-2021-00239, and from two Thematic
Excellence Programmes: TKP2020-NKA-16 of the Hungarian University of Agriculture and Life
Sciences, and TKP2021-NVA-22 (National Defense and Security sub-programme). Furthermore,

this research was supported by Project No. FK 128705, financed under the FK 18 funding scheme.

The project BioTreatED (Water4Al12023-334) has received funding from Nemzeti Kutatasi,
Fejlesztési és Innovacids Hivatal (Hungary), The Research Council of Norway (Norway),
Fundacdo para a Ciéncia e a Tecnologia (Portugal), Agencia Estatal de Investigacion (Spain),
Narodowe Centrum Nauki (Poland), TUBITAK - The Scientific and Technological Research
Council of Tiirkiye (Tiirkiye) and the European Union’s Horizon Europe Programme under the
2023 Joint Transnational Call of the European Partnership Water4All (Grant Agreement

n°101060874)

95



12. APPENDICES

12.1. Bibliography

Abbasi, N. A., Shahid, S. U., Majid, M., & Tahir, A. (2022). Ecotoxicological risk
assessment of environmental micropollutants. Environmental Micropollutants: A
Volume in Advances in Pollution Research, 331-337. https://doi.org/10.1016/B978-0-

323-90555-8.00004-0

Acs, A., Kovacs, A. W., Csepregi, J. Z., Toro, N., Kiss, G., Gydri, J., Vehovszky, A., Kovats,
N., & Farkas, A. (2013). The ecotoxicological evaluation of Cylindrospermopsis
raciborskii from Lake Balaton (Hungary) employing a battery of bioassays and chemical

screening. Toxicon, 70, 98—106. https://doi.org/10.1016/j.toxicon.2013.04.019

Acs, A., Liang, X., Bock, 1., Griffitts, J., Ivanovics, B., Vésarhelyi, E., Ferincz, A., Pirger, Z.,
Urbényi, B., & Csenki, Z. (2022). Chronic Effects of Carbamazepine, Progesterone and

Their Mixtures at Environmentally Relevant Concentrations on Biochemical Markers of

Zebrafish (Danio rerio). Antioxidants, 11(9). https://doi.org/10.3390/antiox11091776

Acs, A., Vehovszky, A., Gy6ri, J., & Farkas, A. (2016). Seasonal and size-related variation of
subcellular biomarkers in quagga mussels (Dreissena bugensis) inhabiting sites affected

by moderate contamination with complex mixtures of pollutants. Environmental

Monitoring and Assessment, 188(7), 426. https://doi.org/10.1007/s10661-016-5432-y

Aebi, H. (1984). Oxygen Radicals in Biological Systems - Catalase in Vitro. Methods in
Enzymology, 105(1947), 121-126.

http://www.sciencedirect.com/science/article/pii/S0076687984050163

Aguirre-Martinez, G. (2021). Effective biomarkers to assess the toxicity of pharmaceutical
residues on marine bivalves. Pharmaceuticals in Marine and Coastal Environments:

Occurrence, Effects, and Challenges in a Changing World, 419-455.
96



https://doi.org/10.1016/B978-0-08-102971-8.00003-2

Aguirre-Martinez, G. V., DelValls, T. A., & Martin-Diaz, M. L. (2016). General stress,
detoxification pathways, neurotoxicity and genotoxicity evaluated in Ruditapes

philippinarum exposed to human pharmaceuticals. Ecotoxicology and Environmental

Safety, 124, 18-31. https://doi.org/10.1016/j.ecoenv.2015.09.031

Aguirre-Martinez, G. V., Owuor, M. A., Garrido-Pérez, C., Salamanca, M. J., Del Valls, T. A.,
& Martin-Diaz, M. L. (2015). Are standard tests sensitive enough to evaluate effects of
human pharmaceuticals in aquatic biota? Facing changes in research approaches when

performing  risk  assessment of  drugs.  Chemosphere, 120,  T5-85.

https://doi.org/10.1016/J.CHEMOSPHERE.2014.05.087

Alegre, E., Sammamed, M., Ferndndez-Landazuri, S., Zubiri, L., & Gonzalez, A. (2015).
Circulating Biomarkers in Malignant Melanoma. In Advances in Clinical Chemistry (Vol.

69, pp. 47-89). Elsevier. https://doi.org/10.1016/BS.ACC.2014.12.002

Anderson, B., Nicely, P., Gilbert, K., Kosaka, R., Hunt, J., & Phillips, B. (2004). Overview of

Freshwater and Marine Toxicity Tests: A Technical Tool for Ecological Risk Assessment.

Ankley, G., Brooks, B., Huggett, D., & Sumpter, J. (2007). Repeating history:
pharmaceuticals in the environment. Environ Sci Technol, 41(24), 8211-8217.

https://doi.org/10.1021/es072658;

Ayala, A., Mufioz, M. F., & Argiielles, S. (2014). Lipid peroxidation: Production, metabolism,
and signaling mechanisms of malondialdehyde and 4-hydroxy-2-nonenal. In Oxidative
Medicine and  Cellular  Longevity = (Vol. 2014). Landes Bioscience.
https://doi.org/10.1155/2014/360438

Ayano, G. (2016). Bipolar Disorders and Carbamazepine: Pharmacokinetics,
Pharmacodynamics, Therapeutic Effects and Indications of Carbamazepine: Review of

Articles. Journal of Neuropsychopharmacology & Mental Health, 1(4).

97



https://doi.org/10.4172/2472-095x.1000112
Azur Environmental. (1998). The Microtox Acute Basic, DIN, 1SO and Wet Test Procedures.

Backhaus, T., & Faust, M. (2012). Predictive Environmental Risk Assessment of Chemical
Mixtures: A Conceptual Framework. Environmental Science & Technology, 46(5),

2564-2573. https://doi.org/10.1021/es2034125

Backhaus, T., & Karlsson, M. (2014). Screening level mixture risk assessment
of pharmaceuticals in  STP  effluents. Water  Research, 49, 157-165.
https://doi.org/10.1016/J. WATRES.2013.11.005

Bayne, B. L., Brown, D. A., Burns, K., Dixon, D. R., & Ivanovici, A. (1985). The effects of
stress and pollution on marine animals. New York (USA) Praeger.

https://agris.fao.org/search/en/providers/122621/records/647761c9a3fd11e4303c08df

Berenbaum, M. C. (1985). The Expected Effect of a Combination of Agents: the General

Solution (Vol. 114).

Birben, E., Sahiner, U. M., Sackesen, C., Erzurum, S., & Kalayci, O. (2012). Oxidative Stress
and Antioxidant Defense. World Allergy Organization Journal, 5(1), 9-19.
https://doi.org/10.1097/WOX.0b013e3182439613

Bjorlenius, B., Ripszam, M., Haglund, P., Lindberg, R. H., Tysklind, M., & Fick, J. (2018).
Pharmaceutical residues are widespread in Baltic Sea coastal and offshore waters —
Screening for pharmaceuticals and modelling of environmental concentrations of
carbamazepine. Science of the Total Environment, 633, 1496-1509.

https://doi.org/10.1016/j.scitotenv.2018.03.276

Blaise, C., Gagné, F., Pellerin, J., & Hansen, P. D. (1999). Determination of vitellogenin-like
properties in Mya arenaria hemolymph (Saguenay Fjord, Canada): A potential biomarker

for endocrine disruption.  Environmental  Toxicology, 14(5), 455-465.

98



https://doi.org/10.1002/(SICI)1522-7278(199912)14:5<455:: AID-TOX2>3.0.CO;2-8

Bliss, C. 1. (1939). THE TOXICITY OF POISONS APPLIED JOINTLY 1. Annals of Applied
Biology, 26(3), 585-615. https://doi.org/10.1111/j.1744-7348.1939.tb06990.x

Bliithgen, N., Sumpter, J. P., Odermatt, A., & Fent, K. (2013). Effects of low concentrations
of the antiprogestin mifepristone (RU486) in adults and embryos of zebrafish (Danio

rerio): 2. Gene expression analysis and in vitro activity. Aquatic Toxicology, 144—145,

96—104. https://doi.org/10.1016/J. AQUAT0X.2013.09.030

Bolognesi, C., & Hayashi, M. (2011). Micronucleus assay in aquatic animals. Mutagenesis,

26(1), 205-213. https://doi.org/10.1093/mutage/geq073

Bradford, M. (1976). A Rapid and Sensitive Method for the Quantitation of Microgram
Quantities of Protein Utilizing the Principle of Protein-Dye Binding. Analytical

Biochemistry, 72(1-2), 248-254. https://doi.org/10.1006/abio.1976.9999

Brandao, F. P., Rodrigues, S., Castro, B. B., Gongalves, F., Antunes, S. C., & Nunes, B. (2013).
Short-term effects of neuroactive pharmaceutical drugs on a fish species: Biochemical
and  behavioural effects. Aquatic Toxicology, 144145, 218-229.
https://doi.org/10.1016/J.AQUATOX.2013.10.005

Breton, H., Cociglio, M., Bressolle, F., Peyriere, H., Blayac, J. P., & Hillaire-Buys, D. (2005a).
Liquid chromatography—electrospray mass spectrometry determination  of
carbamazepine, oxcarbazepine and eight of their metabolites in human plasma. Journal
of Chromatography B, 828(1-2), 80-90.
https://doi.org/10.1016/J.JCHROMB.2005.09.019

Breton, H., Cociglio, M., Bressolle, F., Peyriere, H., Blayac, J. P., & Hillaire-Buys, D. (2005b).
Liquid chromatography-electrospray  mass  spectrometry  determination  of
carbamazepine, oxcarbazepine and eight of their metabolites in human plasma. Journal

of Chromatography B: Analytical Technologies in the Biomedical and Life Sciences,

99



828(1-2), 80-90. https://doi.org/10.1016/j.jchromb.2005.09.019

Briggs, J. P. (2002). The zebrafish: a new model organism for integrative physiology.
https://doi.org/10.1152/ajpregu.00589.2001.-This

Brodie, M. J., Richens, A., Yuen, A., & UK Lamotrigine/Carbamazepine Monotherapy Trial
Group. (1995). Double-blind comparison of lamotrigine and carbamazepine in newly
diagnosed epilepsy. The Lancet, 345(8948), 476—479. https://doi.org/10.1016/S0140-
6736(95)90581-2

Brown, K. D., Kulis, J., Thomson, B., Chapman, T. H., & Mawhinney, D. B. (20006).
Occurrence of antibiotics in hospital, residential, and dairy effluent, municipal
wastewater, and the Rio Grande in New Mexico. Science of The Total Environment,

366(2-3), 772—783. https://doi.org/10.1016/J.SCITOTENV.2005.10.007

Bucheli, T. D., & Fent, K. (1995). Induction of cytochrome P450 as a biomarker for
environmental contamination in aquatic ecosystems. Critical Reviews in Environmental

Science and Technology, 25(3), 201-268. https://doi.org/10.1080/10643389509388479

Burke, M. D., & Mayer, R. T. (1974). Ethoxyresorufin: direct fluorimetric assay of a
microsomal O-dealkylation which is preferentially inducible by 3-methylcholanthrene.

Drug Metabolism and Disposition: The Biological Fate of Chemicals, 2(6), 583—588.

Cai, Z. (2005). Lipid Peroxidation. Encyclopedia of Toxicology, 730-734.
https://doi.org/10.1016/B0-12-369400-0/00564-0

Cardoso, P. G., Resende-de-Oliveira, R., & Rocha, E. (2019). Combined effects of increased
temperature and levonorgestrel exposure on zebrafish female liver, using stereology and
immunohistochemistry —against catalase, CYP1A, HSP90 and vitellogenin.
Environmental Pollution, 252, 1059-1067.

https://doi.org/10.1016/J. ENVPOL.2019.06.058

100



Carlberg, 1., & Mannervik, B. (1975a). Purification and characterization of the flavoenzyme

glutathione reductase from rat liver. Journal of Biological Chemistry.

Carlberg, 1., & Mannervik, B. (1975b). Purification and characterization of the flavoenzyme

glutathione reductase from rat liver. Journal of Biological Chemistry.

Chauveheid, E., & Scholdis, S. (2019). Removal of pharmaceuticals by a surface water
treatment plant. Water Science and Technology: Water Supply, 19(6), 1793—1801.

https://doi.org/10.2166/ws.2019.054

Chen, F., Gong, Z., & Kelly, B. C. (2017). Bioaccumulation Behavior of Pharmaceuticals and
Personal Care Products in Adult Zebrafish ( Danio rerio ): Influence of Physical-

Chemical Properties and Biotransformation. Environmental Science & Technology,

51(19), 11085—-11095. https://doi.org/10.1021/acs.est. 7602918

Chen, H., Zha, J., Liang, X., Li, J., & Wang, Z. (2014). Effects of the human antiepileptic
drug carbamazepine on the behavior, biomarkers, and heat shock proteins in the Asian

clam Corbicula fluminea. Aquatic Toxicology, 155, 1-8.

https://doi.org/10.1016/J.AQUATOX.2014.06.001

Christen, V., Hickmann, S., Rechenberg, B., & Fent, K. (2010). Highly active human
pharmaceuticals in aquatic systems: A concept for their identification based on their
mode of action. Aquatic Toxicology, 96(3), 167-181.
https://doi.org/10.1016/J.AQUATO0X.2009.11.021

Clara, M., Strenn, B., & Kreuzinger, N. (2004). Carbamazepine as a possible anthropogenic
marker in the aquatic environment: investigations on the behaviour of Carbamazepine
in wastewater treatment and during groundwater infiltration. Water Research, 38(4),

947-954. https://doi.org/10.1016/J.WATRES.2003.10.058

Cleuvers, M. (2003a). Aquatic ecotoxicity of pharmaceuticals including the assessment of

combination effects. Toxicology Letters, 142(3), 185-194.

101



https://doi.org/10.1016/S0378-4274(03)00068-7

Cleuvers, M. (2003b). Aquatic ecotoxicity of pharmaceuticals including the assessment of
combination effects. Toxicology Letters, 142(3), 185-194.
https://doi.org/10.1016/S0378-4274(03)00068-7

Committee on Biological Markers of the National Research Council. (1987). Biological
markers in environmental health research. Committee on Biological Markers of the
National Research Council. Environmental Health Perspectives, 74, 3-9.

https://doi.org/10.1289/ehp.74-1474499

Conley, J. M., Symes, S. J., Schorr, M. S., & Richards, S. M. (2008). Spatial and temporal
analysis of pharmaceutical concentrations in the upper Tennessee River basin.
Chemosphere, 73(8), 1178-1187.
https://doi.org/10.1016/J. CHEMOSPHERE.2008.07.062

Crapo, J. D., McCord, J. M., & Fridovich, I. (1978). Preparation and assay of superioxide
dismutases. In Methods in Enzymology (Vol. 53, Issue 1978, pp. 382-393).

https://doi.org/10.1016/S0076-6879(78)53044-9

Crouau, Y., & Moia, C. (2006). The relative sensitivity of growth and reproduction in the
springtail, Folsomia candida, exposed to xenobiotics in the laboratory: An indicator of
soil  toxicity. Ecotoxicology —and Environmental Safety, 64(2), 115-121.
https://doi.org/10.1016/J. ECOENV.2005.06.002

Cunningham, V. L., Perino, C., D’Aco, V. J., Hartmann, A., & Bechter, R. (2010). Human
health risk assessment of carbamazepine in surface waters of North America and Europe.
Regulatory Toxicology and Pharmacology, 56(3), 343-351.
https://doi.org/10.1016/J.YRTPH.2009.10.006

Da Luz, T. N., Ribeiro, R., & Sousa, J. P. (2004). Avoidance tests with collembola and

earthworms as early screening tools for site-specific assessment of polluted soils.

102



Environmental Toxicology and Chemistry, 23(9), 2188-2193.

https://doi.org/10.1897/03-445

da Silva Santos, N., Oliveira, R., Lisboa, C. A., Mona ¢ Pinto, J., Sousa-Moura, D., Camargo,
N. S., Perillo, V., Oliveira, M., Grisolia, C. K., & Domingues, I. (2018). Chronic effects
of carbamazepine on zebrafish: Behavioral, reproductive and biochemical endpoints.
Ecotoxicology and Environmental Safety, 164, 297-304.
https://doi.org/10.1016/j.ecoenv.2018.08.015

Dang, W., Zhang, J.-H., Cao, Z.-C., Yang, J.-M., & Lu, H.-L. (2024). Environmentally
Relevant Levels of Antiepileptic Carbamazepine Altered Intestinal Microbial

Composition and Metabolites in Amphibian Larvae. International Journal of Molecular

Sciences, 25(13), 6950. https://doi.org/10.3390/ijms25136950

Dasari, S., Ganjayi, M. S., Yellanurkonda, P., Basha, S., & Meriga, B. (2018). Role of
glutathione S-transferases in detoxification of a polycyclic aromatic hydrocarbon,

methylcholanthrene. Chemico-Biological Interactions, 294, 81-90.

https://doi.org/10.1016/5.cb1.2018.08.023

David R. Livingstone. (1991). Organic Xenobiotic Metabolism in Marine Invertebrates. In
Advances in Comparative and Environmental Physiology (Vol. 7, pp. 45—185). Springer.
https://doi.org/10.1007/978-3-642-75897-3 2

de Jesus Gaftney, V., Almeida, C. M. M., Rodrigues, A., Ferreira, E., Benoliel, M. J., &
Cardoso, V. V. (2015). Occurrence of pharmaceuticals in a water supply system and
related human health risk assessment. Water Research, 72, 199-208.

https://doi.org/10.1016/J. WATRES.2014.10.027

De Luca-Abbott, S. B., Richardson, B. J., McClellan, K. E., Zheng, G. J., Martin, M., & Lam,
P. K. S. (2005). Field validation of antioxidant enzyme biomarkers in mussels (Perna

viridis) and clams (Ruditapes philippinarum) transplanted in Hong Kong coastal waters.

103



Marine Pollution Bulletin, 51(8-12), 694-707.

https://doi.org/10.1016/j.marpolbul.2005.01.010

Deblonde, T., Cossu-Leguille, C., & Hartemann, P. (2011). Emerging pollutants in wastewater:
A review of the literature. International Journal of Hygiene and Environmental Health,

214(6), 442—448. https://doi.org/10.1016/J.1JHEH.2011.08.002

Depledge, M. H., & Fossi, M. C. (1994). The role of biomarkers in environmental assessment

(2). Invertebrates. Ecotoxicology, 3(3), 161-172. https://doi.org/10.1007/BF00117081

Dhaunsi, G. S., Gulati, S., Singh, A. K., Orak, J. K., Asayama, K., & Singh, I. (1992).
Demonstration of Cu-Zn superoxide dismutase in rat liver peroxisomes: Biochemical
and immunochemical evidence. Journal of Biological Chemistry, 267(10), 6870—-6873.

https://doi.org/10.1016/s0021-9258(19)50508-7

Diamantino, T. C., Almeida, E., Soares, A. M. V. M., & Guilhermino, L. (2001). Lactate
dehydrogenase activity as an effect criterion in toxicity tests with Daphnia magna straus.

Chemosphere, 45(4—5), 553-560. https://doi.org/10.1016/S0045-6535(01)00029-7

Ding, J., Lu, G., & Li, Y. (2016). Interactive effects of selected pharmaceutical mixtures on
bioaccumulation and biochemical status in crucian carp (Carassius auratus).

Chemosphere, 148, 21-31. https://doi.org/10.1016/J. CHEMOSPHERE.2016.01.017

Directive 2008/105/EC of the European Parliament and of the Council of 16 December 2008
on Environmental Quality Standards in the Field of Water Policy, Amending and

Subsequently Repealing., 6 Official Journal of the European Union 235 (2013).

Ducrotoy, J.-P. (2024). Chemical Introductions to the Systems: Point Source Pollution
(Persistent Chemicals). Treatise on Estuarine and Coastal Science (Second Edition),

170-217. https://doi.org/10.1016/B978-0-323-90798-9.00083-4

Ebrahimzadeh, S., Castiglioni, S., Riva, F., Zuccato, E., & Azzellino, A. (2021).

104



Carbamazepine levels related to the demographic indicators in groundwater of densely

populated area. Water (Switzerland), 13(18). https://doi.org/10.3390/w13182539

Ellman, G. L., Courtney, K. D., Andres, V., & Featherstone, R. M. (1961). A new and rapid
colorimetric determination of acetylcholinesterase activity. Biochemical Pharmacology.

https://doi.org/10.1016/0006-2952(61)90145-9

Emmersen, J., Korsgaard, B., & Petersen, 1. (1979). Dose response kinetics of serum
vitellogenin, liver DNA, RNA, protein and lipid after induction by estradiol-17f in male
flounders (Platichthys flesus L.). Comparative Biochemistry and Physiology Part B:
Comparative Biochemistry, 63(1), 1-6. https://doi.org/10.1016/0305-0491(79)90225-6

Escher, B., & Fenner, K. (2011). Recent Advances in Environmental Risk Assessment of
Transformation Products. Environmental Science &amp, Technology, 45(9), 3835-3847.

https://doi.org/10.1021/es1030799

European Commission Joint Research Centre. (2023). Aquatic Toxicity. https://joint-research-
centre.ec.europa.eu/reference-measurement/european-union-reference-laboratories/eu-
reference-laboratory-alternatives-animal-testing-eurl-ecvam/alternative-methods-

toxicity-testing/validated-test-methods-health-effects/aquatic-toxicity en

Ewing, J. F., & Janero, D. R. (1995). Microplate Superoxide Dismutase Assay Employing a
Nonenzymatic Superoxide Generator. Analytical Biochemistry, 232(2), 243-248.
https://doi.org/10.1006/ABI0.1995.0014

Faria, M., Carrasco, L., Diez, S., Riva, M. C., Bayona, J. M., & Barata, C. (2009). Multi-
biomarker responses in the freshwater mussel Dreissena polymorpha exposed to
polychlorobiphenyls and metals. Comparative Biochemistry and Physiology Part C:
Toxicology & Pharmacology, 149(3), 281-288.

https://doi.org/10.1016/j.cbpc.2008.07.012

Farkas, A., Acs, A., Vehovszky, A., Falfusynska, H., Stoliar, O., Specziar, A., & Gyori, J.

105



(2017). Interspecies comparison of selected pollution biomarkers in dreissenid spp.
inhabiting pristine and moderately polluted sites. Science of The Total Environment,

599600, 760—770. https://doi.org/10.1016/j.scitotenv.2017.05.033

Fent, K. (2015). Progestins as endocrine disrupters in aquatic ecosystems: Concentrations,
effects and risk assessment. Environment International, 84, 115-130.

https://doi.org/10.1016/J. ENVINT.2015.06.012

Fent, K., Weston, A. A., & Caminada, D. (2006). Ecotoxicology of human pharmaceuticals.
Aquatic Toxicology, 76(2), 122—159. https://doi.org/10.1016/J.AQUAT0X.2005.09.009

Ferreira, G. K., Carvalho-Silva, M., Gongalves, C. L., Vieira, J. S., Scaini, G., Ghedim, F. V.,
Deroza, P. F., Zugno, A. 1., Pereira, T. C. B., Oliveira, G. M. T., Kist, L. W., Bogo, M.
R., Schuck, P. F., Ferreira, G. C., & Streck, E. L. (2012). I-Tyrosine administration
increases acetylcholinesterase activity in rats. Neurochemistry International, 61(8),

1370-1374. https://doi.org/10.1016/j.neuint.2012.09.017

Finley, K. R., & Zon, L. I. (2004). Zebra Fish and Stem Cell Research. In Handbook of Stem

Cells (pp. 677-683). Elsevier. https://doi.org/10.1016/B978-012436643-5/50150-4

Flaherty, C. M., & Dodson, S. I. (2005). Effects of pharmaceuticals on Daphnia survival,
growth, and reproduction. Chemosphere, 61(2), 200-207.
https://doi.org/10.1016/J.CHEMOSPHERE.2005.02.016

Fraz, S., Lee, A. H., & Wilson, J. Y. (2018). Gemfibrozil and carbamazepine decrease steroid
production in zebrafish testes (Danio rerio). Aquatic Toxicology, 198, 1-9.

https://doi.org/10.1016/j.aquatox.2018.02.006

Gagnaire, B., Gagné, F., André, C., Blaise, C., Abbaci, K., Budzinski, H., Dévier, M. H., &
Garric, J. (2009). Development of biomarkers of stress related to endocrine disruption
in gastropods: Alkali-labile phosphates, protein-bound lipids and vitellogenin-like

proteins. Aquatic Toxicology, 92(3), 155-167.

106



https://doi.0rg/10.1016/J.AQUATOX.2009.01.012

Gagne, F. (2014). BIOCHEMICAL ECOTOXICOLOGY Principles and Methods.

Gagné, F., & Blaise, C. (1998). Estrogenic properties of municipal and industrial wastewaters
evaluated with a rapid and sensitive chemoluminescent in situ hybridization assay (CISH)

in rainbow trout hepatocytes. In Aquatic Toxicology (Vol. 44).

Gagne, & Francois. (2014). ECOTOXICOLOGY Principles and Methods.

Galgani, F., & Bocquené, G. (2000). Molecular Biomarkers of Exposure of Marine
Organisms to Organophosphorus Pesticides and Carbamates. In Use of Biomarkers for
Environmental Quality Assessment (p. 25). CRC Press.

https://doi.org/10.1201/9781003211020

Galus, M., Rangarajan, S., Lai, A., Shaya, L., Balshine, S., & Wilson, J. Y. (2014). Effects of
chronic, parental pharmaceutical exposure on zebrafish (Danio rerio) offspring. Aquatic

Toxicology, 151, 124—134. https://doi.org/10.1016/J.AQUAT0X.2014.01.016

Gasca-Pérez, E., Galar-Martinez, M., Garcia-Medina, S., Pérez-Coyotl, I. A., Ruiz-Lara, K.,
Cano-Viveros, S., Pérez-Pastén Borja, R., & Gomez-Olivan, L. M. (2019). Short-term
exposure to carbamazepine causes oxidative stress on common carp (Cyprinus carpio).
Environmental Toxicology and Pharmacology, 60, 96-103.

https://doi.org/10.1016/J.ETAP.2018.12.017

Gawel, S., Wardas, M., Niedworok, E., & Wardas, P. (2004). Malondialdehyde (MDA) as a

lipid peroxidation marker. Wiad Lek. , 57, 9—-10.

Godin, N., Liu, F., Lau, G. J., Brezniceanu, M. L., Chénier, 1., Filep, J. G., Ingelfinger, J. R.,
Zhang, S. L., & Chan, J. S. D. (2010). Catalase overexpression prevents hypertension
and tubular apoptosis in angiotensinogen transgenic mice. Kidney International, 77(12),

1086—1097. https://doi.org/10.1038/ki.2010.63

107



H. Meijer, A., & P. Spaink, H. (2011). Host-Pathogen Interactions Made Transparent with the
Zebrafish Model. Current Drug Targets, 12(7), 1000-1017.
https://doi.org/10.2174/138945011795677809

Habig, W. H., Pabst, M. J., And, ~, & Jakoby, W. B. (1974). Glutathione S-Transferases THE
FIRST ENZYMATIC STEP IN MERCAPTURIC ACID FORMATION*. In THE

JOURNAL OP Broma~cn~ CHEMISTRY (Vol. 249, Issue 22).

Halliwell, B., & Gutteridge, J. M. C. (2015). Free Radicals in Biology and Medicine. Oxford
University Press. https://doi.org/10.1093/acprof:0s0/9780198717478.001.0001

Han, J., Wang, Q., Wang, X., Li, Y., Wen, S., Liu, S., Ying, G., Guo, Y., & Zhou, B. (2014).
The synthetic progestin megestrol acetate adversely affects zebrafish reproduction.

Aquatic Toxicology, 150, 66—72. https://doi.org/10.1016/J.AQUAT0X.2014.02.020

Howe, K., Clark, M. D., Torroja, C. F., Torrance, J., Berthelot, C., Muftato, M., Collins, J. E.,
Humphray, S., McLaren, K., Matthews, L., McLaren, S., Sealy, I., Caccamo, M.,
Churcher, C., Scott, C., Barrett, J. C., Koch, R., Rauch, G. J., White, S., ... Stemple, D.
L. (2013). The zebrafish reference genome sequence and its relationship to the human

genome. Nature, 496(7446), 498-503. https://doi.org/10.1038/nature12111

Hughes, S. R., Kay, P., & Brown, L. E. (2013). Global synthesis and critical evaluation of
pharmaceutical data sets collected from river systems. In Environmental Science and

Technology (Vol. 47, Issue 2, pp. 661-677). American Chemical Society.
https://doi.org/10.1021/es3030148

Imlay, J. A. (2008). Cellular Defenses against Superoxide and Hydrogen Peroxide. Annual
Review of Biochemistry, 77(1), 755-776.
https://doi.org/10.1146/annurev.biochem.77.061606.161055

ISO. (2019). ISO 21115 Water quality — Determination of acute toxicity of water samples

and chemicals to a fish gill cell line. https://www.iso.org/standard/69933.html

108



Iwasaki, Y., & Gauthier, P. (2016). Concentration addition and response addition to analyze
mixture toxicity: Is it worth testing? Environmental Toxicology and Chemistry, 35(3),

526-527. https://doi.org/10.1002/etc.3263

Jackson, R. L., Lin, H., Mao, J. T. S., Chan, L., & Means, A. R. (1977). Estrogen Induction
of Plasma Vitellogenin in the Cockerel: Studies with a Phosvitin Antibody.

Endocrinology, 101(3), 849-857. https://doi.org/10.1210/endo-101-3-849

Jeon, D. R., Kim, Y.-E., Im, J. K., Huh, Y., & Kim, H. S. (2024). Non-Targeted Screening and
Identification of the Transformation Pathway of Carbamazepine in the Saemangeum
Watershed, Republic of Korea. International Journal of Molecular Sciences, 25(22),

11947. https://doi.org/10.3390/ijms252211947

Jia, D., Li, X., Du, S., Xu, N., Zhang, W., Yang, R., Zhang, Y., He, Y., & Zhang, Y. (2020).
Single and combined effects of carbamazepine and copper on nervous and antioxidant

systems of zebrafish (Danio rerio). Environmental Toxicology, 35(10), 1091-1099.
https://doi.org/10.1002/tox.22945

Johnston, I. A., Davison, W., & Goldspink, G. (1977). Energy metabolism of carp swimming
muscles.  Journal of Comparative  Physiology? B, 114(2), 203-216.

https://doi.org/10.1007/BF00688970

Jonsson, E. M., Abrahamson, A., Brunstrém, B., & Brandt, 1. (2006). Cytochrome P4501A
induction in rainbow trout gills and liver following exposure to waterborne indigo,
benzo[a]pyrene and 3,3',4,4',5-pentachlorobiphenyl. Aquatic Toxicology, 79(3), 226—
232. https://doi.org/10.1016/J. AQUATOX.2006.06.006

Jovanovi¢, P., Zorié, L., Stefanovié, 1., Dzunié, B., Djordjevi¢-Jocié, J., Radenkovié, M., &
Jovanovic, M. (2010). Lactate Dehydrogenase and Oxidative Stress Activity in Primary
Open-Angle Glaucoma Aqueous Humour. Bosnian Journal of Basic Medical Sciences,

10(1), 83—88. https://doi.org/10.17305/bjbms.2010.2743

109



Karan, V., Vitorovi¢, S., Tutundzi¢, V., & Poleksi¢, V. (1998). Functional Enzymes Activity
and Gill Histology of Carp after Copper Sulfate Exposure and Recovery. Ecotoxicology
and Environmental Safety, 40(1-2), 49-55. https://doi.org/10.1006/EESA.1998.1641

Kasprzyk-Hordern, B., Dinsdale, R. M., & Guwy, A. J. (2008). The occurrence of
pharmaceuticals, personal care products, endocrine disruptors and illicit drugs in surface
water in  South Wales, UK. Water Research, 42(13), 3498-3518.
https://doi.org/10.1016/J. WATRES.2008.04.026

Kawamura, K., & Freyhof, J. (2008). Handbook of European freshwater fishes.

Ichthyological Research, 55(1), 99-99. https://doi.org/10.1007/s10228-007-0012-3

Kodom, K., Attiogbe, F., & Kuranchie, F. A. (2021). Assessment of removal efficiency of
pharmaceutical products from wastewater in sewage treatment plants: A case of the

sewerage  systems  Ghana  limited, Accra. Heliyon, 7(11), e08385.
https://doi.org/10.1016/J.HELIYON.2021.E08385

Koju, N., Taleb, A., Zhou, J., Lv, G., Yang, J., Cao, X., Lei, H., & Ding, Q. (2019).
Pharmacological strategies to lower crosstalk between nicotinamide adenine
dinucleotide phosphate (NADPH) oxidase and mitochondria. Biomedicine &

Pharmacotherapy, 111, 1478—1498. https://doi.org/10.1016/J.BIOPHA.2018.11.128

Kolpin, D. W., Furlong, E. T., Meyer, M. T., Thurman, E. M., Zaugg, S. D., Barber, L. B., &
Buxton, H. T. (2002). Pharmaceuticals, Hormones, and Other Organic Wastewater
Contaminants in U.S. Streams, 1999-2000: A National Reconnaissance.
Environmental Science & Technology, 36(6), 1202-1211.
https://doi.org/10.1021/es011055j

Kondor, A. C., Molnér, E., Vancsik, A., Filep, T., Szeberényi, J., Szabd, L., Maasz, G., Pirger,
Z., Weiperth, A., Ferincz, A., Staszny, A., Dobosy, P., Horvathné Kiss, K., Jakab, G., &

Szalai, Z. (2021). Occurrence and health risk assessment of pharmaceutically active

110



compounds in riverbank filtrated drinking water. Journal of Water Process Engineering,

41, 102039. https://doi.org/10.1016/J.JWPE.2021.102039

Kono, Y., & Fridovich, I. (1982). Superoxide radical inhibits catalase. Journal of Biological
Chemistry, 257(10), 5751-5754. https://doi.org/10.1016/s0021-9258(19)83842-5

Kortenkamp, A., Backhaus, T., & Faust, M. (2009). State of the art report on mixture toxicity
- Final report, Executive summary.

https://ec.europa.eu/environment/chemicals/effects/pdf/report mixture toxicity.pdf

Kreke, N., & Dietrich, D. R. (2008). Physiological Endpoints for Potential SSRI Interactions
in Fish. Critical Reviews in Toxicology, 38(3), 215-247.

https://doi.org/10.1080/10408440801891057

Kiimmerer, K. (2009). The presence of pharmaceuticals in the environment due to human use
— present knowledge and future challenges. Journal of Environmental Management,

90(8), 2354-2366. https://doi.org/10.1016/J.JENVMAN.2009.01.023

Kuperman, R. G., Checkai, R. T., Simini, M., Phillips, C. T., Higashi, R. M., Fan, T. W. M.,
& Sappington, K. (2018). Selenium toxicity to survival and reproduction of Collembola

and Enchytraeids in a sandy loam soil. Environmental Toxicology and Chemistry.

https://doi.org/10.1002/etc.4017

LaLone, C. A., Villeneuve, D. L., Burgoon, L. D., Russom, C. L., Helgen, H. W., Berninger,
J. P, Tietge, J. E., Severson, M. N., Cavallin, J. E., & Ankley, G. T. (2013). Molecular
target sequence similarity as a basis for species extrapolation to assess the ecological
risk of chemicals with known modes of action. Aquatic Toxicology, 144—145, 141-154.
https://doi.org/10.1016/J.AQUATOX.2013.09.004

Lawrence, R. A., & Burk, R. F. (1976). Glutathione peroxidase activity in selenium-deficient
rat liver. Biochemical and Biophysical Research Communications, 71(4), 952-958.

https://doi.org/10.1016/0006-291X(76)90747-6

111



Li, Y. (2004). Steroid hormone biotransformation and xenobiotic induction of hepatic steroid
metabolizing enzymes. Chemico-Biological Interactions, 147(3), 233-246.

https://doi.0org/10.1016/J.CB1.2004.01.006

Li, Z., Li, P, Rodina, M., & Randak, T. (2010). Effect of human pharmaceutical
Carbamazepine on the quality parameters and oxidative stress in common carp
(Cyprinus  carpio  L.)  spermatozoa. Chemosphere,  80(5),  530-534.
https://doi.org/10.1016/J.CHEMOSPHERE.2010.04.046

Li, Z., Velisek, J., Zlabek, V., Grabic, R., Machova, J., Kolarova, J., & Randak, T. (2010).
Hepatic antioxidant status and hematological parameters in rainbow trout,

Oncorhynchus mykiss, after chronic exposure to carbamazepine. Chemico-Biological

Interactions, 183(1), 98—104. https://doi.org/10.1016/j.cbi.2009.09.009

Li, Z., Zlabek, V., Velisek, J., Grabic, R., Machova, J., Kolarova, J., Li, P., & Randak, T.
(2011). Acute toxicity of carbamazepine to juvenile rainbow trout (Oncorhynchus
mykiss): Effects on antioxidant responses, hematological parameters and hepatic EROD.
Ecotoxicology and Environmental Safety, 74(3), 319-327.
https://doi.org/10.1016/J. ECOENV.2010.09.008

Liang, X., Csenki, Z., Ivanovics, B., Bock, I., Csorbai, B., Molnar, J., Vasarhelyi, E., Griffitts,
J., Ferincz, A., Urbanyi, B., & Acs, A. (2022). Biochemical Marker Assessment of
Chronic Carbamazepine Exposure at Environmentally Relevant Concentrations in
Juvenile Common Carp (Cyprinus carpio). Antioxidants, 11(6), 1136.
https://doi.org/10.3390/antiox 11061136

Liang, Y., Huang, G. Y., Liu, S. S., Zhao, J. L., Yang, Y. Y., Chen, X. W., Tian, F., Jiang, Y.
X.,, & Ying, G. G. (2015). Long-term exposure to environmentally relevant
concentrations of progesterone and norgestrel affects sex differentiation in zebrafish
(Danio rerio). Aquatic Toxicology, 160, 172-179.

https://do1.0org/10.1016/J. AQUATOX.2015.01.006
112



Lindberg, R. H., Ostman, M., Olofsson, U., Grabic, R., & Fick, J. (2014). Occurrence and
behaviour of 105 active pharmaceutical ingredients in sewage waters of a municipal
sewer collection system. Water Research, 58, 221-229.

https://doi.org/10.1016/J. WATRES.2014.03.076

Lionetto, M. G., Caricato, R., Calisi, A., Giordano, M. E., & Schettino, T. (2013).
Acetylcholinesterase as a biomarker in environmental and occupational medicine: New
insights and future perspectives. BioMed Research International, 2013.

https://doi.org/10.1155/2013/321213

Llamas, M. A., & van der Sar, A. M. (2014). Assessing Pseudomonas Virulence with
Nonmammalian Host: Zebrafish (pp. 709-721). https://doi.org/10.1007/978-1-4939-
0473-0_55

Loewe, S., & Muischnek, H. (1926). Uber Kombinationswirkungen. Archiv Fiir
Experimentelle ~ Pathologie Und  Pharmakologie, 114(5-6), 313-326.
https://doi.org/10.1007/BF01952257

Loos, R., Gawlik, B. M., Locoro, G., Rimaviciute, E., Contini, S., & Bidoglio, G. (2009).
EU-wide survey of polar organic persistent pollutants in European river waters.
Environmental Pollution, 157(2), 561-568.

https://doi.org/10.1016/J. ENVPOL.2008.09.020

Loépez-Serna, R., Petrovi¢, M., & Barceld, D. (2012). Occurrence and distribution of multi-
class pharmaceuticals and their active metabolites and transformation products in the
Ebro River basin (NE Spain). Science of The Total Environment, 440, 280-289.
https://doi.org/10.1016/J.SCITOTENV.2012.06.027

Luo, Y., Guo, W, Ngo, H. H., Nghiem, L. D., Hai, F. L., Zhang, J., Liang, S., & Wang, X. C.
(2014). A review on the occurrence of micropollutants in the aquatic environment and

their fate and removal during wastewater treatment. Science of The Total Environment,

113



473—474, 619-641. https://doi.org/10.1016/J.SCITOTENV.2013.12.065

Maasz, G., Zrinyi, Z., Takacs, P., Lovas, S., Fodor, 1., Kiss, T., & Pirger, Z. (2017). Complex
molecular changes induced by chronic progestogens exposure in roach, Rutilus rutilus.
Ecotoxicology and Environmental Safety, 139, 9-17.
https://doi.org/10.1016/j.ecoenv.2017.01.020

MacRae, C. A., & Peterson, R. T. (2015). Zebrafish as tools for drug discovery. Nature

Reviews Drug Discovery, 14(10), 721-731. https://doi.org/10.1038/nrd4627

Malarvizhi, A., Kavitha, C., Saravanan, M., & Ramesh, M. (2012). Carbamazepine (CBZ)
induced enzymatic stress in gill, liver and muscle of a common carp, Cyprinus carpio.
Journal  of King  Saud  University -  Science, 24(2), 179-186.
https://doi.org/10.1016/j.jksus.2011.01.001

Martins, N., Pereira, R., Abrantes, N., Pereira, J., Gongalves, F., & Marques, C. R. (2012).
Ecotoxicological effects of ciprofloxacin on freshwater species: Data integration and

derivation of toxicity thresholds for risk assessment. Ecotoxicology, 21(4), 1167-1176.

https://doi.org/10.1007/s10646-012-0871-x

Matozzo, V., Gagné, F., Marin, M. G., Ricciardi, F., & Blaise, C. (2008). Vitellogenin as a
biomarker of exposure to estrogenic compounds in aquatic invertebrates: A review.
Environment International, 34(4), 531-545.

https://do1.0org/10.1016/J. ENVINT.2007.09.008

Meister, A. (1988). Glutathione metabolism and its selective modification. Journal of
Biological ~ Chemistry, 263(33), 17205-17208. https://doi.org/10.1016/S0021-
9258(19)77815-6

Miracle, A., Ankley, G., & Lattier, D. (2006). Expression of two vitellogenin genes (vgl and
vg3) in fathead minnow (Pimephales promelas) liver in response to exposure to steroidal

estrogens and androgens. Ecotoxicology and Environmental Safety, 63(3), 337-342.

114



https://doi.org/10.1016/j.ecoenv.2005.12.002

Németh, Z., Svigruha, R., Acs, A., Farkas, A., Tapolczai, K., Elekes, K., Fodor, 1., & Pirger,
Z. (2024). Developmental, behavioral, and biochemical effects of chronic exposure to
sublethal concentrations of organic UV-filter compounds on a freshwater model species.

Aquatic Toxicology, 277, 107134. https://doi.org/10.1016/j.aquatox.2024.107134

Nikitaki, Z., Hellweg, C. E., Georgakilas, A. G., & Ravanat, J.-L. (2015). Stress-induced
DNA damage biomarkers: applications and limitations. Frontiers in Chemistry, 3.

https://doi.org/10.3389/fchem.2015.00035

Nkoom, M., Lu, G., Liu, J., & Dong, H. (2020). Biological uptake, depuration and
biochemical effects of diclofenac and carbamazepine in Carassius carassius.
Ecotoxicology and Environmental Safety, 205, 111106.
https://doi.org/10.1016/J. ECOENV.2020.111106

Oakes, K. D., & Van Der Kraak, G. J. (2003). Utility of the TBARS assay in detecting
oxidative stress in white sucker (Catostomus commersoni) populations exposed to pulp
mill effluent. Aquatic Toxicology, 63(4), 447—463. https://doi.org/10.1016/S0166-
445X(02)00204-7

OECD. (2004). Test No. 202: Daphnia sp. Acute Immobilisation Test. OECD.
https://do1.org/10.1787/9789264069947-en

OECD. (2006). OECD Environment Health and Safety Publications Series on Testing and
Assessment No. 54 CURRENT APPROACHES IN THE STATISTICAL ANALYSIS OF
ECOTOXICITY DATA: A GUIDANCE TO APPLICATION.

OECD. (2019). Test No. 252: Rapid Estrogen Activity In Vitro (REACTIV) assay. OECD.
https://doi.org/10.1787/54066090-en

OECD. (2024). OECD  Guidelines  for  the  Testing of  Chemicals.

115



https://doi.org/https://doi.org/10.1787/72d77764-en

Ogawa, A., Dake, J., Iwashina, Y., & Tokumoto, T. (2011). Induction of ovulation in
Xenopuswithout hCG injection: the effect of adding steroids into the aquatic

environment.  Reproductive  Biology — and  Endocrinology, 9(1), 11.

https://doi.org/10.1186/1477-7827-9-11

Olive, P. L. (1988). DNA precipitation assay: A rapid and simple method for detecting DNA
damage in mammalian cells. Environmental and Molecular Mutagenesis, 11(4), 487—

495. https://doi.org/10.1002/em.2850110409

Oliveira, M., Pacheco, M., & Santos, M. A. (2007). Cytochrome P4501A, genotoxic and
stress responses in golden grey mullet (Liza aurata) following short-term exposure to
phenanthrene. Chemosphere, 66(7), 1284-1291.

https://doi.org/10.1016/j.chemosphere.2006.07.024

Oliveira, R., Domingues, 1., Koppe Grisolia, C., & Soares, A. (2009). Effects of triclosan on
zebrafish early-life stages and adults. Environ Sci Pollut Res Int., 16(6), 679—688.

Orbea, A., Dariush Fahimi, H., & Cajaraville, M. P. (2000). Immunolocalization of four
antioxidant enzymes in digestive glands of mollusks and crustaceans and fish liver.
Histochemistry and Cell Biology, 114(5), 393-404.
https://doi.org/10.1007/s004180000207

Orlando, E. F., & Ellestad, L. E. (2014). Sources, concentrations, and exposure effects of
environmental gestagens on fish and other aquatic wildlife, with an emphasis on
reproduction.  General and Comparative  Endocrinology, 203, 241-249.
https://doi.org/10.1016/J.YGCEN.2014.03.038

Oropesa, A. L., Floro, A. M., & Palma, P. (2016). Assessment of the effects of the
carbamazepine on the endogenous endocrine system of Daphnia magna. Environmental

Science and Pollution Research, 23(17), 17311-17321. https://doi.org/10.1007/s11356-

116



016-6907-7

Osman, A. G. M., Reheem, A.-E. —Baset M. A. El, AbuelFadl, K. Y., & Rab, A. G. G.-. (2010).
Enzymatic and histopathologic biomarkers as indicators of aquatic pollution in fishes.

Natural Science, 02(11), 1302—1311. https://doi.org/10.4236/ns.2010.211158

Ozcan Orug, E., & Uner, N. (2002). Marker enzyme assesment in the liver of cyprinus carpio
(L.) exposed to 2,4-D and azinphosmethyl. Journal of Biochemical and Molecular
Toxicology, 16(4), 182—188. https://doi.org/10.1002/jbt.10040

Paglia, D. E., & Valentine, W. N. (1967). Studies on the Quantitative and Qualitative
Characterization of Erythrocyte Glutathione Peroxidase. The Journal of Laboratory and

Clinical Medicine, 70(1), 158—169.

Paulos, P., Runnalls, T. J., Nallani, G., La Point, T., Scott, A. P., Sumpter, J. P., & Huggett, D.
B. (2010). Reproductive responses in fathead minnow and Japanese medaka following

exposure to a synthetic progestin, Norethindrone. Aquatic Toxicology, 99(2), 256-262.
https://doi.org/10.1016/J.AQUATO0X.2010.05.001

Pfeifer, S., Schiedek, D., & Dippner, J. W. (2005). Effect of temperature and salinity on
acetylcholinesterase activity, a common pollution biomarker, in Mytilus sp. from the
south-western Baltic Sea. Journal of Experimental Marine Biology and Ecology, 320(1),
93-103. https://doi.org/10.1016/j.jembe.2004.12.020

Pohl, J., Ahrens, L., Carlsson, G., Golovko, O., Norrgren, L., Weiss, J., & Orm, S. (2019).
Embryotoxicity of ozonated diclofenac, carbamazepine, and oxazepam in zebrafish
(Danio rerio). Chemosphere, 225, 191-199.

https://doi.org/10.1016/j.chemosphere.2019.03.034

Powers, D. A. (1989). Fish as Model Systems. Science, 246(4928), 352-358.
https://doi.org/10.1126/science.2678474

117



Prehn, R. T., & Berd, D. (2006). Whipsaw Cancer Treatments: The Role of Hormesis in
Endocrine and Immune Therapies. Seminars in Oncology, 33(6), 708-710.

https://doi.org/10.1053/j.seminoncol.2006.08.012

Qiang, L., Cheng, J., Yi, J., Rotchell, J. M., Zhu, X., & Zhou, J. (2016). Environmental
concentration of carbamazepine accelerates fish embryonic development and disturbs
larvae behavior. Ecotoxicology, 25(7), 1426—1437. https://doi.org/10.1007/s10646-016-

1694-y

Repetto, G., Jos, A., Hazen, M. J., Molero, M. L., del Peso, A., Salguero, M., Castillo, P. del,
Rodriguez-Vicente, M. C., & Repetto, M. (2001). A test battery for the ecotoxicological

evaluation of pentachlorophenol. Toxicology in Vitro, 15(4-5), 503-509.
https://doi.org/10.1016/S0887-2333(01)00055-8

Rhee, J.-S., Kim, B.-M., Jeong, C.-B., Park, H. G., Leung, K. M. Y., Lee, Y.-M., & Lee, J.-S.
(2013). Effect of pharmaceuticals exposure on acetylcholinesterase (AchE) activity and
on the expression of AchE gene in the monogonont rotifer, Brachionus koreanus.

Comparative Biochemistry and Physiology Part C: Toxicology & Pharmacology, 158(4),
216-224. https://doi.org/10.1016/j.cbpc.2013.08.005

Rocha, M., & Rocha, E. (2022). Synthetic Progestins in Waste and Surface Waters:
Concentrations, Impacts and  Ecological Risk.  Toxics, 10(4), 163.

https://doi.org/10.3390/toxics 10040163

Runnalls, T. J., Beresford, N., Kugathas, S., Margiotta-Casaluci, L., Scholze, M., Scott, A. P.,
& Sumpter, J. P. (2015). From single chemicals to mixtures—Reproductive effects of
levonorgestrel and ethinylestradiol on the fathead minnow. Aquatic Toxicology, 169,

152-167. https://doi.org/10.1016/J. AQUATOX.2015.10.009

Santos, L. H. M. L. M., Aragjo, A. N., Fachini, A., Pena, A., Delerue-Matos, C., &

Montenegro, M. C. B. S. M. (2010). Ecotoxicological aspects related to the presence of

118



pharmaceuticals in the aquatic environment. Journal of Hazardous Materials, 175(1-3),

45-95. https://doi.org/10.1016/J. JHAZMAT.2009.10.100

Saucedo-Vence, K., Dublan-Garcia, O., Loépez-Martinez, L. X., Morachis-Valdes, G., Galar-
Martinez, M., Islas-Flores, H., & Gomez-Olivan, L. M. (2015). Short and long-term

exposure to diclofenac alter oxidative stress status in common carp Cyprinus carpio.

Ecotoxicology, 24(3), 527-539. https://doi.org/10.1007/s10646-014-1401-9

Serracarbassa, P. D. (2019). Antioxidants and Age-Related Macular Degeneration. Retinal

Degeneration: Causes, Diagnosis and Treatment, 85-106.

https://doi.org/10.1016/B978-0-12-815245-4.00006-5

Shilling, A. D., & Williams, D. E. (2000). The non-aromatizable androgen,
dihydrotestosterone, induces antiestrogenic responses in the rainbow trout. The Journal
of  Steroid  Biochemistry  and  Molecular  Biology, 74(4), 187-194.
https://doi.org/10.1016/S0960-0760(00)00122-9

Silva, E., Rajapakse, N., & Kortenkamp, A. (2002). Something from “Nothing” — Eight Weak
Estrogenic Chemicals Combined at Concentrations below NOECs Produce Significant
Mixture Effects. Environmental Science <&amp,; Technology, 36(8), 1751-1756.

https://doi.org/10.1021/es0101227

Silva, M., & Da Gloria Carvalho, M. (2018). Detoxification enzymes: Cellular metabolism
and susceptibility to various diseases. In Revista da Associacao Medica Brasileira (Vol.
64, Issue 4, pp. 307-310). Associacao Medica Brasileira. https://doi.org/10.1590/1806-
9282.64.04.307

Sim, W. J., Lee, J. W., Lee, E. S., Shin, S. K., Hwang, S. R., & Oh, J. E. (2011). Occurrence
and distribution of pharmaceuticals in wastewater from households, livestock farms,

hospitals and pharmaceutical manufactures. Chemosphere, 82(2), 179-186.

https://doi.org/10.1016/j.chemosphere.2010.10.026

119



Singh, A. K., Dhaunsi, G. S., Gupta, M. P,, Orak, J. K., Asayama, K., & Singh, 1. (1994).
Demonstration of Glutathione Peroxidase in Rat Liver Peroxisomes and Its
Intraorganellar Distribution. Archives of Biochemistry and Biophysics, 315(2), 331-338.
https://doi.org/10.1006/abbi.1994.1508

Stanton, M. G. (1968). Colorimetric determination of inorganic phosphate in the presence of
biological material and adenosine triphosphate. Analytical Biochemistry, 22(1), 27-34.
https://doi.org/10.1016/0003-2697(68)90255-8

Staszny, A., Dobosy, P., Maasz, G., Szalai, Z., Jakab, G., Pirger, Z., Szeberenyi, J., Molnar,
E., Pap, L. O., Juhasz, V., Weiperth, A., Urbanyi, B., Kondor, A. C., & Ferincz, A.
(2021a). Effects of pharmaceutically active compounds (PhACs) on fish body and scale

shape in natural waters. Peer.J, 9, ¢10642. https://doi.org/10.7717/peerj.10642

Staszny, A., Dobosy, P., Maasz, G., Szalai, Z., Jakab, G., Pirger, Z., Szeberenyi, J., Molnar,
E., Pap, L. O., Juhasz, V., Weiperth, A., Urbanyi, B., Kondor, A. C., & Ferincz, A.
(2021b). Eftects of pharmaceutically active compounds (PhACs) on fish body and scale

shape in natural waters. PeerJ, 9, €10642. https://doi.org/10.7717/peer).10642

Streisinger, G., Walker, C., Dower, N., Knauber, D., & Singer, F. (1981). Production of clones
of homozygous diploid zebra fish (Brachydanio rerio). Nature, 291(5813), 293-296.
https://doi.org/10.1038/291293a0

Summer, K. H., & Wiebel, F. J. (1981). Glutathione and glutathione S-transferase activities
of mammalian cells in culture. Toxicology Letters, 9(4), 409—413.

https://doi.org/10.1016/0378-4274(81)90018-7

Sumpter, J. P. (1995). Feminized responses in fish to environmental estrogens. Toxicology

Letters, 82-83(C), 737—742. https://doi.org/10.1016/0378-4274(95)03517-6

Sumpter, J. P., & Jobling, S. (2013). The occurrence, causes, and consequences of estrogens

in the aquatic environment. Environmental Toxicology and Chemistry, 32(2), 249-251.

120



https://doi.org/10.1002/etc.2084

Surface Water Environmental Quality Standards (GB  3838-2002) (2002).

https://www.mee.gov.cn

Teame, T., Zhang, Z., Ran, C., Zhang, H., Yang, Y., Ding, Q., Xie, M., Gao, C., Ye, Y., Duan,
M., & Zhou, Z. (2019). The use of zebrafish (Danio rerio) as biomedical models. Animal

Frontiers, 9(3), 68—77. https://doi.org/10.1093/af/v{z020

Torzewski, M., Ochsenhirt, V., Kleschyov, A. L., Oelze, M., Daiber, A., Li, H., Rossmann, H.,
Tsimikas, S., Reifenberg, K., Cheng, F., Lehr, H. A., Blankenberg, S., Forstermann, U.,
Miinzel, T., & Lackner, K. J. (2007). Deficiency of glutathione peroxidase-1 accelerates
the progression of atherosclerosis in apolipoprotein E-deficient mice. Arteriosclerosis,
Thrombosis, and Vascular Biology, 27(4), 850-857.
https://doi.org/10.1161/01.ATV.0000258809.47285.07

Tougu, V., & Kesvatera, T. (1996). Role of ionic interactions in cholinesterase catalysis.
Biochimica et Biophysica Acta (BBA) - Protein Structure and Molecular Enzymology,
1298(1), 12-30. https://doi.org/10.1016/S0167-4838(96)00128-8

Umweltbundesamt. (1999). Arzneimittelriickstinde in der Umwelt : Bestandsaufnahme und

Problemdarstellung (R-162). Umweltbundesamt.

United States Environmental Protection Agency (EPA). (2024). Aquatic Life Criteria and

Methods for Toxics. https://www.epa.gov/wqc/aquatic-life-criteria-and-methods-toxics

USEPA. (1995). Short-Term Methods for Estimating the Chronic Toxicity of Effluents and
Receiving  Waters to West Coast Marine and Estuarine  Organisms.
https://nepis.epa.gov/Exe/ZyNET.exe/1000409M.TXT?ZyActionD=ZyDocument&Cli
ent=EPA&Index=1995+Thru+1999&Docs=&Query=& Time=&EndTime=&SearchMe
thod=1&TocRestrict=n& Toc=& TocEntry=&QField=&QField Year=&QFieldMonth=&

QFieldDay=&IntQFieldOp=0&ExtQFieldOp=0& XmlQuery=&File=D%3 A%5Czyfile

121



$%5ClIndex%20Data%5C95thru99%5CTxt%5C00000001%5C1000409M.txt& User=
ANONYMOUS&Password=anonymous&SortMethod=h%7C-
&MaximumDocuments=1&FuzzyDegree=0&ImageQuality=r75g8/r75g8/x150y150¢g1
6/1425&Display=hpfr&DefSeekPage=x&SearchBack=ZyActionL&Back=ZyActionS
&BackDesc=Results%20page&MaximumPages=1&ZyEntry=1&SeekPage=x&ZyPU
RL

Valdés, M. E., Huerta, B., Wunderlin, D. A., Bistoni, M. A., Barcel9, D., & Rodriguez-Mozaz,
S. (2016). Bioaccumulation and bioconcentration of carbamazepine and other
pharmaceuticals in fish under field and controlled laboratory experiments. Evidences of

carbamazepine metabolization by fish. Science of The Total Environment, 557-558, 58—

67. https://doi.org/10.1016/J.SCITOTENV.2016.03.045

van de Pol, L., Flik, G., & Gorissen, M. (2017). Comparative Physiology of Energy
Metabolism: Fishing for Endocrine Signals in the Early Vertebrate Pool. Frontiers in

Endocrinology, 8. https://doi.org/10.3389/fendo.2017.00036

Van der Oost, R., Beyer, J., & Vermeulen, N. P. E. (2003). Fish bioaccumulation and
biomarkers in environmental risk assessment: a review. Environmental Toxicology and

Pharmacology, 13(2), 57-149. https://doi.org/10.1016/S1382-6689(02)00126-6

Van Rooyen, G. F., Badenhorst, D., Swart, K. J., Hundt, H. K. L., Scanes, T., & Hundt, A. F.
(2002). Determination of carbamazepine and carbamazepine 10,11-epoxide in human
plasma by tandem liquid chromatography—mass spectrometry with electrospray
ionisation. Journal of Chromatography B, 769(1), 1-7. https://doi.org/10.1016/S1570-
0232(01)00590-6

Vassault, A. (1983). Lactate dehydrogenase. In J. Bergmeye, H.U., Bergmeyer & 1. M. Gra
(Eds.), Methods of enzymatic analysis III (pp. 118—126). Verlag Chemie.

Veldman, M. B., & Lin, S. (2008). Zebrafish as a Developmental Model Organism for

122



Pediatric Research. Pediatric Research, 64(5), 470-476.
https://doi.org/10.1203/PDR.0b013e318186e609

Verduzco, D., & Amatruda, J. F. (2011). Analysis of Cell Proliferation, Senescence, and Cell
Death in Zebrafish Embryos (pp. 19-38). https://doi.org/10.1016/B978-0-12-387036-
0.00002-5

Vernouillet, G., Eullaffroy, P., Lajeunesse, A., Blaise, C., Gagné, F., & Juneau, P. (2010).
Toxic effects and bioaccumulation of carbamazepine evaluated by biomarkers measured
in organisms of different trophic levels. Chemosphere, 80(9), 1062—-1068.
https://doi.org/10.1016/J.CHEMOSPHERE.2010.05.010

Versteeg, D. J., Stalmans, M., Dyer, S. D., & Janssen, C. (1997). Ceriodaphnia and daphnia:
A comparison of their sensitivity to xenobiotics and utility as a test species.

Chemosphere, 34(4), 869-892. https://doi.org/10.1016/S0045-6535(97)00014-3

Viarengo, A., Canesi, L., Garcia Martinez, P., Peters, L. D., & Livingstonef, D. R. (1995).
Pro-oxidant processes and antioxidant defence systems in the tissues of the Antarctic
scallop (Adamussium colbecki) compared with the Mediterranean scallop (Pecten
jacobaeus). Comparative Biochemistry and Physiology Part B: Biochemistry and

Molecular Biology, 111(1), 119-126. https://doi.org/10.1016/0305-0491(94)00228-M

Vulliet, E., & Cren-Olivé, C. (2011). Screening of pharmaceuticals and hormones at the
regional scale, in surface and groundwaters intended to human consumption.
Environmental Pollution, 159(10), 2929-2934.
https://doi.org/10.1016/J. ENVPOL.2011.04.033

Westerfield, M. (2000). THE ZEBRAFISH BOOK. In The zebrafish book. A guide for the
laboratory use of zebrafish (Danio rerio). 4th ed. Univ. of Oregon Press.

http://zfin.org/zf info/ztbook/zfbk.html

Whyte, J.J., Jung, R. E., Schmitt, C. J., & Tillitt, D. E. (2000). Ethoxyresorufin- O -deethylase

123



(EROD) Activity in Fish as a Biomarker of Chemical Exposure. Critical Reviews in

Toxicology, 30(4), 347-570. https://doi.org/10.1080/10408440091159239

Wilkinson, J. L., Boxall, A. B. A., Kolpin, D. W., Leung, K. M. Y., Lai, R. W. S., Wong, D.,
Ntchantcho, R., Pizarro, J., Mart, J., Echeverr, S., & et al. (2022). Pharmaceutical
pollution of the world’s rivers. ENVIRONMENTAL SCIENCES, 119(8).

https://doi.org/10.1073/pnas.2113947119/-/DCSupplemental

Wills, E. D. (1987). Evaluation of lipid peroxidation in lipids and biological membranes. In
B. Snell, K., Mullock (Ed.), Biochemical Toxicology: A Practical Approach (pp. 127—

152). IRL Press.

Wu, J., Shi, D., Wang, S., Yang, X., Zhang, H., Zhang, T., Zheng, L., & Zhang, Y. (2022).
Derivation of Water Quality Criteria for Carbamazepine and Ecological Risk
Assessment in the Nansi Lake Basin. International Journal of Environmental Research

and Public Health, 19(17). https://doi.org/10.3390/ijerph191710875

Xin, X., Huang, G., Liu, X., An, C., Yao, Y., Weger, H., Zhang, P., & Chen, X. (2017).
Molecular toxicity of triclosan and carbamazepine to green algae Chlorococcum sp.: A

single cell view using synchrotron-based Fourier transform infrared spectromicroscopy.

Environmental Pollution, 226, 12-20. https://doi.org/10.1016/J. ENVPOL.2017.04.007

Yan, S., Chen, R., Wang, M., & Zha, J. (2021). Carbamazepine at environmentally relevant
concentrations caused DNA damage and apoptosis in the liver of Chinese rare minnows
(Gobiocypris rarus) by the Ras/Raf/ERK/p53 signaling pathway. Environmental
Pollution, 270, 116245. https://doi.org/10.1016/J.ENVPOL.2020.116245

Yan, S., Wang, M., Zha, J., Zhu, L., Li, W,, Luo, Q., Sun, J., & Wang, Z. (2018).
Environmentally Relevant Concentrations of Carbamazepine Caused Endocrine-
Disrupting Effects on Nontarget Organisms, Chinese Rare Minnows (Gobiocypris rarus).

Environmental Science & Technology, 52(2), 886—894.

124



https://doi.org/10.1021/acs.est.7b06476

Zamaratskaia, G., & Zlabek, V. (2009). EROD and MROD as Markers of Cytochrome P450
1A Activities in Hepatic Microsomes from Entire and Castrated Male Pigs. Sensors, 9(3),

2134-2147. https://doi.org/10.3390/s90302134

Zeilinger, J., Steger-Hartmann, T., Maser, E., Goller, S., Vonk, R., & Lénge, R. (2009). Effects
of synthetic gestagens on fish reproduction. Environmental Toxicology and Chemistry,

28(12), 2663-2670. https://doi.org/10.1897/08-485.1

Zhang, B., Yang, L., Yu, L., Lin, B., Hou, Y., Wu, J., Huang, Q., Han, Y., Guo, L., Ouyang,
Q., Zhang, B., Lu, L., & Zhang, X. (2012). Acetylcholinesterase Is Associated with
Apoptosis in B Cells and Contributes to Insulin-Dependent Diabetes Mellitus
Pathogenesis. Acta  Biochimica et Biophysica Sinica, 44(3), 207-216.

https://doi.org/10.1093/abbs/gmr121

Zhang, X., Yang, L., Zhao, Q., Caen, J. P., He, H. Y., Jin, Q. H., Guo, L. H., Alemany, M.,
Zhang, L. Y., & Shi, Y. F. (2002). Induction of acetylcholinesterase expression during
apoptosis in various cell types. Cell Death & Differentiation, 9(8), 790-800.
https://doi.org/10.1038/sj.cdd.4401034

Zrinyi, Z., Maasz, G., Zhang, L., Vertes, A., Lovas, S., Kiss, T., Elekes, K., & Pirger, Z. (2017).
Effect of progesterone and its synthetic analogs on reproduction and embryonic
development of a freshwater invertebrate model. Aquatic Toxicology, 190, 94—103.

https://doi.org/10.1016/J.AQUATOX.2017.06.029

Zucchi, S., Castiglioni, S., & Fent, K. (2013). Progesterone Alters Global Transcription
Profiles at Environmental Concentrations in Brain and Ovary of Female Zebrafish
( Danio rerio ). Environmental Science & Technology, 47(21), 12548-12556.
https://doi.org/10.1021/es403800y

125



12.2. Supplementary data

12.2.1. Institutional Review Board Statement

All animal experiments in this study were conducted in compliance with the International Guiding
Principles for Biomedical Research Involving Animals (EU Directive 2010/63) and the relevant
Hungarian laws on animal welfare. The experimental procedures were approved by the National
Scientific Ethical Committee on Animal Experimentation (protocol number: KA-2711). The
animal use license was issued by the Government Office of Pest County (Permit number:
PE/EA/731-7/2019). All procedures were performed by trained and accredited researchers to

ensure ethical and professional handling of the fish.
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